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Abstract 

The goals of my research were two fold: first, I intended to quantify fate 

processes of Hg in tree litter during decomposition, particularly to assess what happens 

with Hg that was originally associated with tree litter during in forest floors.  This study 

was designed as a combined laboratory and field decomposition study: in the laboratory, I 

measured changes in dry mass, C mass and concentration, Hg mass and concentration, N 

mass and concentration, Hg/C ratio, C/N ratio, Hg/N ratio, and soluble Hg in litter 

incubated for different time periods (0, 3, 6, 12, and 18 months); in the field, I compared 

Hg concentration, C/N ratio, and Hg/C ratio before and after one year of field exposure to 

those in the laboratory. I found significant Hg mass losses (5-23%) after 18 months of 

decomposition indicating gaseous Hg losses during litter decomposition. In the field, Hg 

concentrations were significantly enriched (8-64 %) after 12 months as compared to 

laboratory samples showing additional sorption of Hg in the field. The second goal of my 

study was to conduct the first, continuous monitoring of soil gas Hg
0
 concentration at 

different depths in the soil profile.  For this study, I developed and set-up a continuous 

CO2 and Hg
0
 concentration measurements using semi-permeable Teflon tubing. Teflon 

tubing was placed at three different soil depths (7 cm, 20 cm, and 40 cm) in two replicate 

locations, and in ambient air ( total of 7 ports) and were connected to a measurement 

system consisting of a Tekran 2537 GEM analyzer and a LiCOR CO2 analyzer to 

correspondingly measure soil Hg
0
 and soil CO2 concentration profiles. I observed a 

consistently lower  Hg
0
 concentrations in the soil pores compared to ambient air 

indicative of a net uptake and sorption of Hg
0
 in the soil. Surface horizons of the soils 

contained higher Hg
0 

concentration than deeper levels and strong seasonal variability in 
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Hg
0
 concentration was observed in the top of soils. Lowest soil Hg

0
 levels, and hence 

likely highest Hg
0
 sorption, was associated with driest conditions in the mid-summer. 



iii 

 

Acknowledgements 

I would like to thank my thesis committee members, Daniel Obrist, Alan Gertler, 

and Dale W. Johnson, for providing me their warm support, advice, and time. I would 

also to thank EPA STAR program for their funding to carry out this project. I also owe a 

great deal of thanks to Rebecca Wenk, Andrew Richardson, and Rob York for help with 

litter collection, Jeff Brown for help with providing facilities to measure soil gas: Hg
0
 and 

CO2 concentrations, and Johny Dagget, Bill Coulomb, So Lee, Ross Bergin, Xavier Fain, 

and Ashley Pierce for laboratory and analytical help.  

A heartfelt thank to all of you at the Desert Research Institute who assisted in this 

project directly, and indirectly and who provided friendship, advice, and support when 

needed. Especially, I would like to thank my advisor, Daniel Obrist for all his assistance 

and guidance in this project and for always being incredibly supportive and 

understanding. I would also like to thank my friend, Madhu Gyawali for his support 

during samples exposure in the field and collection from the field. Thanks so much my 

wife, Gayatree Thapa Pokharel and beloved son, Ashbin Pokharel for their patience, 

endless support, and encouragement to complete this thesis. 



iv 

 

 

Table of Contents 

Abstract ................................................................................................................................ i 

Acknowledgements ............................................................................................................ iii 

Chapter 1: Introduction and Goals ................................................................................. 1 

1.1 Introduction ............................................................................................................... 1 

1.2  Interactions of atmospheric mercury with litter and soils ........................................ 3 

1.3  Problem statement .................................................................................................... 5 

1.4  Goals of my research ............................................................................................... 8 

1.5  References .............................................................................................................. 10 

Chapter 2 : Fate of mercury in tree litter during decomposition ............................... 19 

2.1 Abstract ................................................................................................................... 20 

2.2 Introduction ............................................................................................................. 22 

2.3 Materials and Methods ............................................................................................ 25 

2.3.1  Litter collection ............................................................................................... 25 

2.3.2  Controlled laboratory incubation study .......................................................... 26 

2.3.3  Field study ....................................................................................................... 27 

2.3.4  Sample analyses for C, N, total Hg, and soluble Hg ....................................... 28 

2.3.5  Statistical analyses .......................................................................................... 30 

2.4  Results .................................................................................................................... 31 

2.4.1  Laboratory decomposition study: Hg, C, and N concentration and mass 

changes ...................................................................................................................... 31 

2.4.2  Stoichiometric relationships between Hg, C, and N ....................................... 33 

2.4.3  Field litter decomposition patterns.................................................................. 34 

2.4.4  Solubility of Hg in decomposing litter............................................................ 35 

2.5  Discussion .............................................................................................................. 37 

2.5.1  Changes in dry mass as well as concentration and mass changes of C and N 37 

2.5.2  Concentration and mass changes of Hg plus stoichiometric relationships to C 

and N ......................................................................................................................... 38 

2.5.3  Solubility of Hg in litter during decomposition .............................................. 45 

2.6  Summary ................................................................................................................ 47 

2.7  Acknowledgements ................................................................................................ 49 

2.8  References .............................................................................................................. 50 

2.8  Figure Legends....................................................................................................... 62 

2.9  Figures.................................................................................................................... 64 

2.10 Tables .................................................................................................................... 68 

Chapter 3 : Behavior and transport of mercury in the soil profiles .......................... 70 

3.1. Introduction ............................................................................................................ 70 

3.2  Hypotheses ............................................................................................................. 75 

3.3  Materials and Methods ........................................................................................... 76 

3.3.1  Site of measurements ...................................................................................... 76 

3.3.2  Instrumental set-up to measure soil Hg
0
 and CO2 concentrations ......................  



v 

 

 

3.3.3  Auxiliary measurements: soil temperature, soil water content, and soil Hg 

concentrations ........................................................................................................... 78 

3.3.4  Surface Flux measurements of Hg
0
 ................................................................. 79 

3.4  Results .................................................................................................................... 81 

3.4.1  Measurement System Evaluation .................................................................... 81 

3.4.2  Box plots of Hg
0
 and CO2 concentrations per site and depth ......................... 88 

3.4.3  Relationships of soil gas Hg
0
 to CO2 and auxiliary variables ......................... 89 

3.4.4  Surface fluxes of Hg
0
 ...................................................................................... 91 

3.5  Discussion .............................................................................................................. 94 

3.5.1  System performance........................................................................................ 94 

3.5.2  Depth patterns of Hg
0
...................................................................................... 96 

3.5.3  Seasonality and diurnal patterns of Hg
0
 in soils ............................................. 99 

3.5.4  Relationships of Hg
0
 to CO2  in  soils ........................................................... 102 

3.5.5  Relationships of Hg
0
 to surface exchange fluxes .......................................... 104 

3.6  References ............................................................................................................ 106 

3.7  Figure Legends..................................................................................................... 116 

3.8  Figures.................................................................................................................. 118 

3.9  Tables ................................................................................................................... 129 

Chapter 4: Summary .................................................................................................... 132 
4.1  References ............................................................................................................ 136 

 

 

 



1 

 

Chapter 1: Introduction and Goals 

1.1 Introduction  

Mercury (Hg) is a toxic heavy metal which is found almost ubiquitous in the 

environment. Significant concern is Hg in the atmosphere as the atmosphere is the 

primary pathway for the distribution of Hg on world wide basis (Nriagu and Becker, 

2003).  Due to anthropogenic activities, the atmospheric Hg loads have increased  by 

three to five fold, and atmospheric deposition to terrestrial and aquatic systems have also 

been increased correspondingly (Fitzgerald, 1995). 

 Atmospheric Hg is mostly found as elemental Hg
0
 (Gaseous Elemental Mercury: 

GEM; generally over 95%), and a few percent of Hg occurs as gaseous inorganic Hg
2+

 

compounds (known as Reactive Gaseous Mercury: RGM, and particulate–bound Mercury 

(PHg); Lindberg and Stratton, 1998; Schroeder and Munthe, 1998). Natural sources of 

Hg to the atmosphere include volcanoes (Ferrara et al., 2000), soil degassing (Ferrara et 

al., 1997), and wildfires (Turetsky et al., 2006). Anthropogenic sources mainly include 

sources from mining, smelting, burning of fossil fuels, and industrial use of Hg in 

chloralkali plants, paints, batteries, medicine and dentistry (Fitzerald et.al., 1998). Many 

of these sources have been greatly reduced in recent decades in the western world 

(Sznopek and Goonan, 2000). However, at the same time, emissions of Hg to the 

environment and to the atmosphere have greatly increased in developing countries, e.g., 

where emissions have increased by 2.9% per year  during the period 1995−2003 in China 

(Wu et al., 2006) which is now considered the largest emitter of Hg globally (Jiang et al., 

2006). 
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Due to the three different forms of Hg in the atmosphere, transport and deposition 

patterns also vary strongly between species: GEM is considered to be transported aerially 

over long distances, and Hg is hence considered a global pollutant (Dastoor and 

Larocque, 2004; Carpi, 1997; Lindqvist and Rodhe, 1985); RGM is generally believed to 

have a short atmospheric residence time and is deposited within a few tens to hundreds of 

kilometers (Lindberg and Stratton, 1998). PHg species have similarly shorter atmospheric 

residence times, and transport distances depend on particle size and mass (Schroeder and 

Munthe, 1998). While current atmospheric Hg levels in the atmosphere are not 

considered a prime exposure hazard for humans and the environment, exposure risks 

arise mainly once atmospheric Hg has deposited to the environment. Hg has the capacity 

to methylate in sediments and wetlands of aquatic systems (Langston and Bebbiano, 

1991), a process that is caused mainly by microbes (Kerry et al., 1991). After 

methylation, Hg can be subject to bio-concentration of more than  a million fold in the 

aquatic food chain (Rudd, 1995; Ullrich et al., 2001) reaching highest levels in predatory 

fish species (Clarkson, 1997) and causing considerable exposure risks for humans and for 

wildlife.  For example, adverse effects of exposure to high fish Hg levels include 

developmental issues in unborn children and damage to nervous systems. It was observed 

that children who were exposed to methylmercury in the womb showed impacts on 

cognitive thinking memory, attention, language, and fine motor and visual spatial skills 

(US EPA, 2010).

http://informahealthcare.com/action/doSearch?action=runSearch&type=advanced&result=true&prevSearch=%2Bauthorsfield%3A%28Clarkson%2C+Thomas+W.%29
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1.2  Interactions of atmospheric mercury with terrestrial ecosystems soil  

A very large pool of Hg resides in surface soils and in litter estimated at over 

1000 tons globally (Obrist, 2007). It is believed that litter and surface soil pools contain a 

large legacy of past and current atmospheric pollutant loads, accumulating 2x10
5
 tons of 

Hg in the soil since 1890 (Expert panel, 1994). Most of the Hg in soil pool is associated 

with organic-rich, upper soil horizons (Lindberg, 1996). Deposition pathways that 

contribute to Hg loads to terrestrial ecosystems include dry, and wet deposition processes 

(Lindqvist and Schroeder, 1989). Wet deposition is deposition associated with 

precipitation (rainfall and snowfall) and is facilitated by the high solubility of RGM in 

water, which enables uptake of Hg forms in cloud and water droplets (Poissant, 1997). 

For example, wet deposition loads range between 4 and 6 µgm
-2

 yr
-1

 in the contiguous 

United States (NADP, 2008). Dry deposition is much more difficult to estimate and more 

uncertain: 68% of total deposition loads in the united states are considered from 

anthropogenic sources, including 20 % from North American emissions, 31 % from 

outside North America, and 16 % from the legacy of anthropogenic Hg deposited in soils 

and the deep ocean (Selin et al., 2007).  

Another important deposition pathway includes inputs associated with vegetation 

(Lindberg, 1996; Rea et al., 2000; Ericksen et al., 2003; Grigal, 2003; Driscoll et al., 

2007). This includes uptake of atmospheric Hg in leaf tissues and successive inputs as 

plant detritus (e.g. litterfall deposition, Johnson and Lindberg, 1995; Silva-Filho et al., 

2006) as well as wash-off of Hg deposited from plant surfaces (i.e., throughfall 

deposition, Rea et al., 1996). Plant-derived litterfall and throughfall depositions have 

been shown in the range of 3 to 13 μg m
−2

, respectively (Rea et al., 1996). Hg, on the 
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other hand, can also emit or re-emit from terrestrial surfaces to the atmosphere (Hanson 

et al., 1995; Carpi and Lindberg, 1997; Gustin et al., 1997; Poissant and Casimir, 1998; 

Engle et al., 2001; Zhang et al., 2001; Ericksen and Gustin, 2004; Xin and Gustin, 2007; 

Kuiken et al., 2008a, b). For example, studies report that during the warmer season, some 

volatilization of Hg results from boreal forest soils (Schroeder et.al., 1989) as well as 

from background forest soils in more temperate climatic, showing emission rates between 

1 and 10 ng m
-2

h
-1 

(Lindberg et.al., 1992; Kim et al., 1995). Hg emissions are highly 

depending on soil moisture (Advokaat and Lindberg, 1996), soil temperature (Carpi and 

Lindberg, 1998; Poissant and Casimir, 1998), solar radiation, and landscape features such 

as vegetation coverage (Driscoll, et al., 2007). Many studies also have shown that bi-

directional exchange, i.e., both emission and deposition processes can, occur on plant 

leaves, as shown by uptake and re-emission fluxes of GEM from plant surfaces (Ericksen 

et al., 2003; Rea et al., 2002, Rutter et al., 2011; Millhollen et al., 2006a, b). 
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1.3  Problem statement 

Given the complex nature of exchange of Hg between the atmosphere and 

terrestrial ecosystems, involving various species, different deposition pathways, and 

emissions and re-emissions of previous Hg depositions, there are currently a lot of 

uncertainties in regards to the behavior and stability of Hg in terrestrial ecosystems. A 

particular uncertainty refers to accumulation and retention of Hg depositions from the 

atmosphere in terrestrial ecosystems versus their potential to emit, or re-emit back, to the 

atmosphere. Many studies using stable isotopes (Hintelmann et al., 2002; Ericksen et al., 

2005; Harris et al., 2007; Graydon et al., 2009) have shown that most newly 

atmospherically deposited Hg, at least when applied via wet deposition, is retained in 

watersheds and soils. For example, these studies have shown that that atmospheric re-

emission generally account for less than 10% of deposited Hg in the first year (Ericksen 

et al., 2005; Harris et al., 2007). At the same time, runoff of Hg to streams and water 

bodies in watersheds have been shown to account for less than 1% of wet depositions to 

upland watersheds (Hintelmann et al., 2002, Graydon et al., 2009; Harris et al., 2007).  

However, there is an almost complete lack of understanding about fate and 

stability of Hg deposited in other forms, for example through plant litter deposition. For 

example, there is indication that upon mineralization of organic matter, Hg may be 

subject to partial emission to the atmosphere, as assessed by relationships between CO2 

and Hg
0
 efflux rates from soils in controlled laboratory studies (Fritsche et al., 2008b; 

Obrist et al., 2010). It is known that Hg has a very strong affinity to bind to organic 

carbon and humus in soils (Miretzky et al., 2005), and such Hg emissions to the 
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atmosphere could result when the C matrix that binds Hg is lost from litter and soil 

layers.  

To my knowledge, no study has yet in detail address if Hg in plant leaf litter, 

which is an important pathway for atmospheric deposition as discussed above, may show 

a similar re-emission flux once it is subject to decomposition processes.  There have been 

several litter decomposition studies previously, but because they were conducted in the 

field under the influence of complex Hg dynamics in the field (e.g., exchange with 

underlying soils, inputs from atmospheric deposition), it is unclear to what degree litter 

retained the original Hg that was associated during litterfall.  

Another uncertainty exists in regards to the fate and transport mechanism of Hg 

through soils. Some studies consider emissions, or re-emissions of Hg from soils and 

from surface litter, to largely originate from the very top surface (Pirrone et al., 1996). 

For example, many studies have shown that emissions of Hg are highly related to UV 

radiation (Moore and Carpi, 2005). Such emissions are explained by photoreduction 

processes of Hg, where Hg
2+

 is photochemically reduced to the gaseous Hg
0 

( Liu et al., 

2000) which subsequently evaporates to the atmosphere,  However, very little 

information is available if gaseous Hg
0
 may also originate from lower soil horizons, and 

if for example Hg
0 

emissions may be driven by diffusion gradients. Gas diffusion is 

known to be the driving mechanism for exchange of other trace gases, most importantly 

CO2 (Jong and Schappert, 1972). CO2, produced in the soil profile due to heterotrophic 

and autotrophic respiration by plant roots and microorganisms (Hanson et al., 2000) 

shown a pronounced concentration increase with increasing depth, resulting in an 

effective diffusion gradient (Jong and Schappert, 1972 ; Johnson et al., 2003) that causes 
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efflux of CO2 from soils to the atmosphere. I currently only know three studies that have 

tried to measure the depth distribution of Hg
0
 in soils in order to assess if diffusion may 

play a role in the degassing and emission of Hg
0
 from soils. One study was performed 

with contaminated soil substrates (Johnson et al., 2003). Two studies were performed in 

underground soils but either limited to two measurement days only (Moore et al., 2010), 

or to once weekly measurement (Sigler and Lee, 2006). To our knowledge, no study has 

yet measured, at various depths and over multiple seasons, the depth distribution of Hg
0
 

in natural, background soils on a continuous basis. Also, there are also a lot of 

uncertainties about how Hg
0 

moves in the soil due to little experimental data available on 

gaseous Hg
0
 distribution in soils. 
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1.4  Goals of my research 

The goals of my research were two fold: first, I intended to quantify fate 

processes of Hg in tree litter during decomposition, particularly to assess what happens 

with Hg that was originally associated with tree litter during litterfall to the forest floor.  

This study was designed as a combined laboratory and field decomposition study: in the 

laboratory, I measured changes in dry mass, C mass and concentration, Hg mass and 

concentration, N mass and concentration, Hg/C ratio, C/N ratio, Hg/N ratio, and soluble 

Hg in litter incubated for different time periods ( 0, 3, 6, 12, and 18 months); in the field, 

I compared Hg concentration, C/N ratio, and Hg/C  ratio before and after one year of 

field exposure to those in the laboratory. I used different forest litter types (mixed 

deciduous, aspen, pine and oak foliage) collected from four different US forests in order 

to see the effects of decomposition time species-specific. The study was designed as a 

mass balance study where I was able to quantify changes in mass (C, N, and dry mass) 

over time. The expected results of this study were to assess if and to what degree Hg is 

subject to emissions during decomposition in plant litter, which could be a potentially 

important contribution to atmospheric Hg loads.  

The second goal of my study was to conduct the first, continuous monitoring of 

soil gaseous elemental Hg concentration in different soil profiles.  For this study, I 

developed and set-up a continuous CO2 and Hg
0
 concentration measurements using semi-

permeable Teflon tubing installed in soil profiles. Teflon tubing was placed at three 

different soil depths (7 cm, 20 cm, and 40 cm) in two replicate locations, and were 

connected to a measurement system consisting of a Tekran 2537 Gaseous Elemental 

Mercury analyzer and a LiCOR CO2 analyzer to correspondingly measure soil Hg
0
 and 
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soil CO2 concentration profiles. The expected outcomes of this study were to assess if 

and to what degree Hg
0 

distribution in soils profiles follow the diffusion gradients 

expected to occur for CO2 in soils. In addition, I performed measurements of Hg
0
 

exchange fluxes at the soil surface to assess if soil exchange fluxes at the surface are 

linked to corresponding Hg
0
 gas concentrations or concentration profiles in the soils. I 

hypothesize that such link indicate that surface emissions are affected by underlying soil 

processes (e.g., the higher the soil gas concentrations) and are not entirely driven by 

surface or near-surface processes. 
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2.1 Abstract 

We performed a controlled laboratory litter incubation study to assess changes 

in dry mass, carbon (C) mass and concentration, mercury (Hg) mass and concentration, 

and stoichiometric relations between elements during decomposition. Twenty-five 

surface litter samples each, collected from four forest stands, were placed in incubation 

jars open to the atmosphere, and were harvested sequentially at 0, 3, 6, 12, and 18 

months. Using a mass balance approach, we observed significant mass losses of Hg 

during decomposition (5 to 23% of initial mass after 18 months), which we attribute to 

gaseous losses of Hg to the atmosphere through a gas-permeable filter covering 

incubation jars. Percentage mass losses of Hg generally were less than observed dry mass 

and C mass losses (48% to 63% Hg loss per unit dry mass loss), although one species 

showed similar losses. A field control study using the same litter types exposed at the 

original collection locations for one year showed that field litter samples were enriched in 

Hg concentrations by 8 to 64% compared to samples incubated for the same time period 

in the laboratory, indicating strong additional sorption of Hg likely from atmospheric 

deposition in the field. Solubility of Hg, assessed by exposure of Hg to water upon 

harvest, was very low (<0.22 ng Hg g
-1 

dry mass) and decreased with increasing stage of 

decomposition for all litter types. Our results indicate large gaseous emissions, or re-

emissions, of Hg originally associated with plant litter upon decomposition. Results also 

suggest that Hg accumulation in litter and surface layers in the field is driven mainly by 

additional sorption of Hg with minor contributions from ―internal‖ accumulation due to 

preferential loss of C over Hg. Litter types showed highly species-specific differences in 
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Hg levels during decomposition – suggesting that emissions, retention, and sorption of 

Hg are dependent on litter type. 
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2.2 Introduction  

Atmospheric deposition of mercury (Hg), a potent neurotoxin, enters remote 

ecosystems primarily through atmospheric deposition (Fitzgerald et al., 1998; Mason and 

Sheu, 2002). Terrestrial ecosystems serve as important receptors of Hg and sources to 

aquatic systems (Lorey and Driscoll, 1999; Harris et al., 2007), and present large storage 

pools for atmospheric Hg depositions which accumulate in surface litter and soil pools 

(Grigal, 2003). There are several important deposition pathways for atmospheric Hg, 

including wet deposition resulting from uptake of reactive gaseous Hg (RGM) and 

precipitation scavenging of particulate Hg (PHg; Lindberg et al., 1992), plus dry 

deposition including direct surface deposition of gaseous elemental and reactive Hg as 

well as uptake of Hg by particulates (Zhang et al., 2009; Fu et al., 2010). Vegetation also 

plays an important role in deposition of atmospheric Hg (Lindberg, 1996; Grigal, 2003; 

Driscoll et al., 2007), both through uptake of atmospheric Hg to leaves and other plant 

tissues and consecutive input as plant detritus (e.g., litterfall deposition), plus by wash-off 

of Hg previously deposited on plant surfaces (i.e., throughfall deposition). A series of 

field investigations have shown that litterfall alone accounts for 30% to 60% of total 

atmospheric Hg inputs in forests (Schwesig and Matzner, 2000; St. Louis et al., 2001; 

Rea et al., 2002; Sheehan et al., 2006; Demers et al., 2007) and that leaf litterfall inputs 

often exceed direct wet deposition inputs by a factor of two or more (Iverfeldt, 1991; 

Lindberg, 1996; Grigal et al., 2000b; St. Louis et al., 2001). Laboratory studies confirm 

that the main source of Hg in aboveground biomass is from atmospheric uptake (Ericksen 

et al., 2003; Frescholtz et al., 2003; Millhollen et al., 2006a, b; Rutter et al., 2011). Field 

studies show uptake of atmospheric gaseous Hg during peak vegetation periods, 
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particularly when leaf areas are at maximum expansion (Obrist et al., 2006; Fritsche et 

al., 2008a). Uptake of Hg by vegetation may occur both through stomatal processes 

(Ericksen et al., 2003; Stamenkovic and Gustin, 2009; Rutter et al., 2011) and non-

stomatal sorption to plant surfaces (Rea et. al., 2000; Stamenkovic and Gustin, 2009). 

There are many open questions about the fate and dynamics of Hg bound to 

leaves and other plant tissues once tissues are exposed in the environment as litter and in 

the form of soil organic carbon (C), particularly in regards to potential emission or re-

emission fluxes to the atmosphere. Since Hg in litter and soils is strongly bound to 

organic matter (Aastrup et al., 1991; Meili, 1991; Grigal, 2003; Obrist et al., 2009), its 

behavior and mobility is associated with the dynamics of both dissolved organic C and 

particulate C (Mierle and Ingram, 1991; Johansson and Iverfeldt, 1994; Joslin 1994; 

Driscoll et al., 1995; Lee et al., 1998; Kolka et al., 1999b; Grigal, 2002). Organic C also 

is subject to mineralization, however, and a hypothesized fate of Hg contained in organic 

C includes release from the matrix as C decomposes (Grigal, 2003; Obrist, 2007). A few 

recent studies indicate correlations between CO2 and Hg
0
 emission fluxes from soils, 

indicative of gaseous losses of Hg in volatile form upon C mineralization (Wickland et 

al., 2006; Fritsche et al., 2008b; Obrist et al., 2010), and it has been proposed that Hg 

losses from soils may be in the range of a few percent of total Hg originally bound to 

organic C fractions (Obrist et al., 2010). 

Exposed surface litter and organic C pools in the field are strong buffers for 

atmospheric Hg deposition, thereby reducing input and transfer of atmospheric Hg 

deposition to water bodies (Harris et al., 2007; Graydon et al., 2009). As a result, field 

observations generally show strong Hg enhancement in surface litter and soil organic C 



24 

 

fractions, after original Hg input as plant detritus (Lindberg and Harris, 1974; Nater and 

Grigal, 1991; Hall and St. Louis, 2004; Demers et al., 2007; Tsui et.al., 2008; Obrist et 

al., 2011). Continued sorption of atmospheric Hg to litter and soil organic C pools in the 

field, however, complicates study of the fate of Hg associated with litter and soil organic 

C, as newly sorbed Hg is difficult to separate from Hg originally associated with plant 

tissues.  

Our goal was to address the fate of Hg originally bound to forest litter during 

decomposition under tightly controlled environmental conditions in which we minimized 

additional Hg sorption from the atmosphere and other sources. A set of 25 litter samples 

each of four different forest litter types were incubated for time periods of 3, 6, 12, and 

18 months. After each period, litter was harvested and analyzed for total Hg, soluble Hg, 

C, N, and dry mass to assess concentration changes and respective mass losses through 

time. In a field control component, the same litter samples were exposed in surface litter 

horizons at respective collection sites using litter bags for a period of 12 months. The 

hypotheses of this study were that (1) during laboratory decomposition, Hg associated 

with forest floor litter is subject to gaseous losses as evident by a mass loss of Hg through 

time; (2) dry mass and C mass of litter are preferentially lost compared to Hg mass, 

resulting in an increase in Hg concentrations and Hg/C ratio through time; (3) Hg 

concentration and Hg/C ratio of field control samples will be higher after one year of 

decomposition compared to samples exposed in the laboratory, due to additional sorption 

of Hg in the field ( e.g., from atmospheric deposition); and (4) Hg bound to litter also 

may be subject to mobilization in soluble form during decomposition. 
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2.3 Materials and Methods 

2.3.1  Litter collection 

We collected fresh surface litter from Oi litter horizons from four different U.S. 

forest sites: a mixed deciduous forest near Bartlett, New Hampshire; an aspen stand near 

Reno, Nevada; a pine forest in the Sierra Nevada Mountains near Georgetown, 

California; and a blue oak forest in the Sierra Nevada foothills near Marysville, 

California. The deciduous forest in Bartlett is located at 44 03’ N, and 71 17' W, at an 

elevation of 94 m and with average annual precipitation of 1270 mm. Dominant tree 

species comprising surface litter at the Bartlett site are American beech (Fagus 

grandifolia), yellow birch (Betula alleghaniensis), sugar maple (Acer saccharum), and 

eastern hemlock (Tsuga Canadensis). The aspen stand near Reno – located at a latitude of 

39 23' N, longitude of 119 50' W, and at an elevation of 1821 m – shows 241 mm of 

annual precipitation. The dominant aspen species here is Populus tremuloides. The pine 

forest near Georgetown, California, is located at 38º54' N and 120º39' W, at an elevation 

of 1302 m, and with annual precipitation averaging 1660 mm. Dominant tree species 

include ponderosa pine (Pinus ponderosa) and sugar pine (Pinus lambertiana), with 

lesser contributions of white fir (Abies concolor), incense cedar (Calocedrus decurrens), 

Douglas fir (Pseudotsuga menziesii), and California black oak (Quercus kelloggii). The 

oak forest in California, dominated by blue oak (Quercus douglasii), is situated at 39º15 

N, and 121 17' W, at an elevation of 193 m and with total annual precipitation of 775 

mm. Other species on the site include interior live oak, (Q. wislizenii) and foothill pine 

(Pinus sabiniana). 

http://www.panoramio.com/map/#lt=39.391906&ln=-119.837773&z=4&k=2
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All sites are considered remote locations not affected by known, specific point 

sources of Hg. All litter samples were collected within days to a few weeks after the 

occurrence of leaf litterfall in late summer and fall of 2008. Litter samples were 

comprised predominantly of leaves from the dominant tree species, with smaller 

contributions from other trees and from understory vegetation. Woody litter components 

which were a minor part of surface litter were removed from samples in order to facilitate 

comparison of Hg patterns in foliar litter across the four sites, and the remaining leaf litter 

was mixed well ( but not crushed) prior to use in the laboratory and field decomposition 

studies. 

2.3.2  Controlled laboratory incubation study 

For the controlled laboratory incubation study, we prepared 100 glass jars of 960 

ml volume (wide-mouth, clear USP Type III soda-lime glass with PTFE-lined lids). All 

glass jars were cleaned with chelating soap and dilute nitric acid (5%), dried, and 

weighed. A 2.7 cm diameter hole was drilled in the lids of the jars and covered with a 

Teflon® filter membrane (pore size 0.2 µm). This allowed air exchange between the jars 

and the atmosphere, and, at the same time, avoided deposition of dust (including 

particulate-bound Hg) while likely minimizing transfer and deposition of reactive 

gaseous Hg to jars. Each of 25 glass jars was filled with homogenized litter samples from 

the four sites, with an initial starting weight (fresh mass) of 30 g of litter (15 g for blue 

oak litter). Immediately after sample preparation, litter from the first five of the 25 

replicate jars was harvested for determination of dry mass and initial C, N, and Hg 

concentrations (i.e., time: t = 0 month). The 20 remaining jars of each species were 

placed in an environmentally-controlled chamber at the Desert Research Institute 
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(EcoPODS at DRI) at a constant temperature of 25 ºC throughout the experiment. Walls 

and the ceiling of the chamber were covered by black cloth to allow decomposition under 

dark conditions. Five replicate glass jars from each species were harvested after 3, 6, 12, 

and 18 months of incubation (i.e., 4 litter types x 5 harvest times x 5 replications = 100 

incubation samples total), and analyzed for dry mass, C, N, and Hg concentration as 

described above. Litter samples were kept moist by additions of ultra-purified Millipore 

water every three weeks.  

We calculated total mass of the respective elements through time. Harvested litter 

samples also were used for determination of Hg solubility: ultra- purified Millipore water 

(500g) was added to half of the harvested litter samples, and after one hour of exposure in 

water, 26.5 ml aliquots of solution were extracted for measurement of soluble Hg. 

Aliquots were filtered with 0.45 µm pore size filters (PTFE membrane; PP housing), 

preserved by adding 1% concentrated hydrochloric acid, and stored at 5 C until analysis. 

2.3.3  Field study 

We conducted a field component using the same litter types to assess changes of 

Hg, C, and N concentrations plus their stoichiometric relationships after one year of 

decomposition. Samples for field decomposition were packed in mesh bags made from 

nylon screen. All bags were washed prior to use with a chelating soap bath for 48 hours 

and were tested for Hg concentrations, which averaged 15.0±7.0 µg Hg/kg. Hence, mesh 

bag Hg concentrations were lower than all litter concentrations observed (see results), 

and hence litter bags were unlikely a significant source of Hg to litter in the field. We 

measured litter concentrations of C, N, and Hg prior to field exposure. Litter bags were 

exposed in the field for one full year through placement in the surface Oi litter horizons 
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of the respective collection sites. Hg, C, and N concentrations were re-measured after 

collection to assess concentration changes. Mass balances of litter bags were not 

quantified in the field study due to potential losses of small litter fractions from bags 

during field exposure and transport. 

2.3.4  Sample analyses for C, N, total Hg, and soluble Hg 

Upon harvests, litter samples were freeze dried using a freeze dryer (Model Micro 

Modulyo-115, Thermo Scientific, Waltham, MA, USA) for 48 hours. After freeze drying, 

dry weights of each litter sample contained in glass jars were determined. Half of the 

well-homogenized litter samples were then milled using stainless steel coffee mills, while 

the other portions were used for determination of soluble Hg. Milled samples were 

analyzed for total Hg using a Model MA-2000 Total Mercury Analyzer (Nippon Inc., 

Takatsuki, Japan) according to U.S. EPA Method 7473. The analyzer was calibrated 

using 0.1 ppm and 0.01 ppm Hg stock solutions made from 1000 ppm HgCl2 standard in 

0.001% L-cysteine solution according to the manufacturer guidelines.  National Institute 

of Standards and Technology (NIST) solid standard reference materials (# 1575: Pine 

leaves: 39.9 µg Hg kg
-1

; and # 1515: Apple Leaves: 44.4 µg Hg kg
-1

) were measured at 

the beginning of each analytical run and repeated after every six samples. When analysis 

of NIST standards deviated more than 5% from their values, the analyzer was 

recalibrated and all samples were re-run. Across all sample analyses, NIST standard 

samples averaged 39.7±1.2 µg Hg kg
-1

 (mean±standard deviation; n= 27; 99% recovery) 

for pine leaves, and 44.8 ± 0.9 µg Hg kg
-1

 (mean±standard deviation; n= 41; 101% 

recovery) for apple leaves. All samples were analyzed in duplicates, and analyses were 

repeated when the coefficient of variability of samples exceeded 10%. Total C and N in 
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litter samples were analyzed using a Leco Turspec carbon/nitrogen analyzer (LECO, St. 

Joseph, Michigan, USA) at the Soil Forage and Water Analysis Laboratory at Oklahoma 

State University (http://www.soiltesting.okstate.edu/), which guarantees accuracy and 

precision of test results through daily analysis of quality control samples. All instruments 

used for analysis were calibrated with certified standards and maintained in accordance 

with specification. Using standards every 10 samples, specific quality control for C/N 

analysis included frequent blank test and sample checks. 

Water samples for determination of soluble Hg were analyzed according to U.S. 

EPA Method 1631 for Total Mercury in Water using dual stage gold pre-concentration. 

We used a Tekran 2600 Mercury Analyzer (Tekran Inc., Toronto, Canada). Bromine 

monochloride (0.5% BrCl) was added to each sample 12 hrs prior to analysis for sample 

digestion. Immediately prior to sample analysis, we added 0.25% hydroxylamine 

hydrochloride (HH) to samples to ensure full destruction of the free halogens. We used a 

3% solution of freshly prepared stannous chloride, purged with a slow flow of ultra-high 

purity (UHP) argon at 20 ml/min, to reduce Hg in samples to gaseous Hg, which was 

separated by a liquid-gas separator and loaded on gold traps of the analyzer. After 

thermal desorption, Hg was analyzed using atomic fluorescence spectroscopy. The 

analyzer was calibrated with standards of 0.5, 5, 10, 25, and 50 ppt of Hg in solution of 

0.5% BrCl, and 0.25% HH. Quality control included three calibration blanks (consisting 

of 0.5% BrCl and 0.25 % HH reagent), Ongoing Precision & Recovery (OPR) of 5ppt Hg 

after every six samples (average recovery 97±9%; n=21), and matrix spikes of at least 

two samples per analytical run. Detection limit of the system was estimated at <0.5 ppt, 

based on 3 x standard deviation of the reagent blanks.  

http://www.soiltesting.okstate.edu/


30 

 

2.3.5  Statistical analyses  

All numbers in text, figures, and tables (Table 1) are shown as mean ±1 standard 

deviation of five replicate samples for the laboratory study, and mean ±1 standard 

deviation of 15 replicate samples for the field study. Statistical analyses of laboratory 

samples (Table 2) were performed using analysis of variance (ANOVA) and Bonferroni 

post-hoc comparison tests to analyze for statistical effects of variables: Time, Species, and 

Time x Species interactions. Dependent variables tested were dry mass, C mass, C 

concentrations, Hg Mass, Hg concentrations, Hg/C ratio, C/N ratios, and total soluble Hg 

(per unit dry mass). We performed Bonferroni post-hoc tests when the significant Time x 

Species interactions indicated different time trends among species to assess which of the 

species showed statistical changes. For field litter samples, paired Student t-tests were 

performed to assess differences in Hg concentrations, Hg/C ratios, and C/N ratios prior to 

and after exposure. Linear regression analyses were performed to assess the relationships 

of Hg concentrations and respective C/N ratios. All statistical tests were performed with 

STATA Version 9 (Stata Corporation, College Station, Texas, USA). We considered 

statistically significant effects when P-values were lower than 0.05.  
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2.4  Results 

2.4.1  Laboratory decomposition study: Hg, C, and N concentration and mass 

changes 

Initial fresh litter mass at the start of the experiment accounted for dry masses of 

24.1±0.4 g in mixed deciduous litter, 23.9±0.3 g in aspen litter, 21.3± 0.6 g in pine needle 

litter, and 11.1±1.2 g in oak leaves (Fig. 1; Table 1). In all four litter types, changes in dry 

mass showed relatively consistent temporal trends with increasing time of incubation. 

Pine needle litter showed small mass losses with each subsequent time interval, averaging 

2, 3, 7, and 8% loss of the initial (i.e., 0 month) dry mass after 3, 6, 12, and 18 months of 

incubation, respectively. All other litter types showed more substantial mass losses with 

time: dry mass decreased by 8, 10, 17, and 19% in mixed deciduous litter and by 6, 11, 

30, and 31% in Aspen litter. We also observed similar mass reductions in oak litter 

accounting for 5, 7, 15, and 22% loss of initial mass. ANOVA tests (Table 2) including 

data of all litter types showed significant effects of Time, Species, and Time x Species 

interactions on dry mass, indicative of a significant mass losses through time. Bonferroni 

post-hoc tests following the ANOVA showed that a significant effect of Time was 

evident in all four litter types. 

Associated with dry mass losses, we observed C mass losses (Fig.1; Table 1) with 

increasing time of incubation, and C mass losses were in a similar range as those 

observed for dry mass. Mass losses of C, however, were less consistent in time, likely 

due to sample variability of C analyses. Similar to dry mass, ANOVA tests showed 

significant effects of Time, Species, and Time x Species interactions on C mass across all 
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litter samples, and Bonferroni post-hoc tests also showed that the significant effect of 

Time was evident in all four litter types. 

The similar behavior of dry mass and C mass losses was due to relatively constant 

C concentrations in time (Fig. 1; Table 1). Small, inconsistent, and not statistically 

significant changes in C concentrations by the end of the experiment (after 18 months) 

included an increase of 2 and 1% in mixed deciduous and pine litter as well as a decrease 

by 3 and 1% in aspen and oak litter. ANOVA tests on C concentrations showed a 

significant effect of Species, but no significant effect of Time. 

Initial Hg concentrations (i.e., 0 months; Fig. 2; Table 1) in litter samples 

averaged 32.4±4.2 µg kg
-1

 in mixed deciduous litter, 50.2±1.6 µg kg
-1

 in aspen litter, 

39.3±2.5 µg kg
-1

 in pine litter, and 40.7±1.5 µg kg
-1

 in oak litter. Using all data, ANOVA 

tests showed statistically significant effects of Time, Species, and Time x Species 

interaction on Hg concentration. Changes in Hg concentrations, however, were highly 

species-specific: Bonferroni post-hoc tests showed that the Time effect was driven solely 

by one species, aspen litter, which showed a strong increase in Hg concentration through 

time. All other species showed no significant Time effects on Hg concentrations using 

Bonferroni post-hoc tests. Hg concentration in aspen litter increased by 24% after 18 

months of incubation but remained within 1 to 10% of the original concentrations for the 

other three species. 

Total Hg mass contained in incubation jars (Fig. 2; Table 1), calculated by 

multiplication of Hg concentrations by dry mass, averaged 782 97 ng, 1198 30 ng, 834  

57 ng, and 452 48 ng at the start of the experiment for mixed deciduous, aspen, pine, and 
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oak litter, respectively. Three out of the four species showed significant Hg mass losses 

over time. After 18 months of incubation, Hg mass was reduced by 92 ng, 182 ng, 42 ng, 

and 104 ng in mixed deciduous, aspen, pine, and oak litter respectively. These Hg mass 

losses accounted for 5 to 23 % of the initial Hg mass present at the start of the incubation. 

ANOVA tests including all data showed significant effects of Time, Species, and Time x 

Species interactions, indicative of significant mass losses of Hg across all litter samples. 

Hg mass losses were species-specific, and Bonferroni post-hoc tests showed that the 

significant effect of Time was driven by significant Hg mass losses in mixed deciduous 

litter, aspen litter, and to a smaller degree in oak litter (at the 10% significance level). No 

Time effect, based on Bonferroni post-hoc tests, was observed for Hg mass in pine litter. 

2.4.2  Stoichiometric relationships between Hg, C, and N 

Similar to Hg concentrations, Hg/C ratios showed only minor changes during the 

18 months of laboratory decomposition (Fig. 2; Table 1). Overall, ANOVA tests showed 

significant effects of Time, Species, and Time x Species interaction on Hg/C ratios. As 

with Hg concentrations, the significant increase in Hg/C ratios was driven entirely by 

aspen as indicated by Bonferroni post-hoc tests, while no significant Time effect was 

evident for the other species. In aspen species, Hg/C ratios increased from 106.1±3.3 µg 

kg
-1 

C at the start of the experiment to 135.6±12.2 µg kg
-1

 C at the end of the experiment. 

In regard to C/N ratios, ANOVA tests showed significant effects of Time, Species, 

and Time x Species interaction, in support of decreases in C/N ratios across all laboratory 

samples. Post-hoc Bonferroni tests showed that the Time effects were significant in all 

four litter types, although occurring to various degrees. Regression analyses between Hg 

concentrations and C/N ratios in laboratory samples (Fig. 3) showed significant increase 



34 

 

in Hg concentrations as a function of decreasing C/N ratios in aspen and pine litter 

samples (significant negative slope of linear regression; r
2
 = 0.77 and r

2
 = 0.22, 

respectively), while the two other species showed no significant regression slopes. 

2.4.3  Field litter decomposition patterns 

Paired Student t-tests of Hg concentrations of samples prior to and after exposure 

for one full year in the field showed that Hg concentration increased significantly across 

all species. When each species was analyzed independently, three of four showed 

significant Hg concentration increases after field exposure. Only in pine litter was the 

effect not statistically significant. Increases in concentrations during the one-year field 

exposure (i.e., from time t = 0 month to time t = 12 months; Fig. 3A) accounted for 23 μg 

kg
-1

 in mixed deciduous (+67%), 15 μg kg
-1

 in aspen (+28%), and 21 μg kg
-1

 in oak 

(+62%) compared to concentrations of the samples prior to field exposure.  The final 

concentrations of Hg in the field (i.e., after one year of exposure) were higher compared 

to the concentrations after laboratory for one year (+64% in mixed deciduous, +62% in 

oak, +10% in aspen, and +8% in pine). However, given that field decomposition likely 

proceeded at different speed than decomposition in the laboratory (see discussion), we 

also analyzed Hg concentrations as a function of C/N ratios (to standardize to the degree 

of decomposition). Fig. 3C shows that for field samples of mixed deciduous and oak 

litter, Hg concentrations fall above the regression line between Hg concentrations and 

C/N ratios for laboratory samples, indicating that even when we adjusted for differences 

in decomposition rates (i.e., C/N ratios), field samples show enhanced Hg levels 

compared to laboratory samples. However, in aspen and pine litter, data points for field 

and laboratory samples follow a similar regression line between Hg and C/N ratios. As 
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with Hg concentrations, Hg/C ratios of field samples were significantly enriched after 

field exposure (Fig. 3B), and individual analysis showed that the increase was significant 

in all species but pine. 

C/N levels decreased significantly during exposure in the field in all litter types, 

with the strongest decrease observed in mixed deciduous, aspen, pine, and to a lesser 

degree in oak. C/N ratios of field samples after 12 months of exposure were significantly 

lower than C/N ratios observed in laboratory samples after 12 months of exposure, with 

field C/N ratios decreased by 23 to 42% compared to those exposed in the laboratory 

(Fig. 3C; Table 1). 

2.4.4  Solubility of Hg in decomposing litter 

Concentrations of soluble Hg – measured during one-hour exposure of half the 

harvested samples to 500 ml of Hg-free water and standardized to the amount of dry mass 

– were highly variable across different litter types (Fig. 4). For example, the initial 

amount of soluble Hg per unit of dry litter mass accounted for 0.22±0.02 ng g
-1

 in oak 

litter, but only for 0.07±0.01 ng g
-1

 in pine litter. The amount of soluble Hg decreased 

strongly in all species throughout the experiment (Fig. 4). After 18 months, 

concentrations of soluble Hg were negligible and mainly below the detection limit of the 

water analyzer (~0.5 ng L
-1

, based on three times standard deviation of reagent blanks), 

except in mixed deciduous litter. Overall, ANOVA tests showed significant effects of 

Time and Species on soluble Hg per unit of dry litter mass (both when only samples 

above the detection limit were considered and when samples below the detection limit 

were considered as zero values; Table 2). ANOVA tests indicated no Time x Species 

interaction when only samples above the detection limits were considered, but indicated 
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species-specific responses when all samples were considered (i.e., samples below 

detection limit set as zero), with Post-hoc Bonferroni tests showing significant Time 

effects in mixed deciduous, aspen, and oak litter, but not in pine litter (Table 2). 
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2.5  Discussion  

2.5.1  Changes in dry mass as well as concentration and mass changes of C and N 

Dry mass losses, with relatively consistent temporal decreases in all four litter 

types through time (Fig. 1), show that sampling replications and time of exposure (i.e., 18 

months) yielded substantial and detectable mass losses during the laboratory incubation 

study. Rates of mass decreases were different among litter types, and aspen leaf litter 

showed the strongest dry mass decrease (31% after 18 months) while pine litter showed 

only small losses (8%). Many field studies have shown that different litter is subject to 

different decomposition rates. For example, studies have shown that deciduous litter 

decomposed faster than coniferous litter (Kaneko and Salamanca, 1999; Hall and St. 

Louis, 2004), while others found the opposite (Demers et al., 2007). Some studies 

observed inconsistent trends or time-dependent trends where initial differences between 

litter types disappeared during longer time (Moore et al., 1999; Sundarapandian and 

Swamy, 1999; Prescott et al., 2000). In general, these field studies showed higher mass 

losses (e.g., up to full mass loss after one year; Sundarapandian and Swamy, 1999) than 

we observed during our controlled laboratory study. Possible reasons for the slower 

decomposition rates in the laboratory study include an artificial environment without 

presence of underlying soil substrates, which may have reduced diversity and mass of 

microbial communities (Couteaux et al., 1995). Although we regularly watered samples 

every 2-3 weeks, the moisture conditions for mineralization (Horner et al., 1988) may 

have been unfavorable compared to a field environment. Associated with dry mass losses, 

we observed similar losses of C mass, although C mass losses were less consistent in 
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time. C concentrations did not significantly change throughout the experiment, and 

remained within 97 to 99 % of the original C levels after 18 months of decomposition. 

Lower C/N ratios in the field control samples (Fig. 3C) compared to laboratory 

samples after one year of decomposition suggest that litter samples experienced higher 

decomposition rates under field conditions than during laboratory incubation. C/N ratios 

reflect the degree of decomposition with high C/N ratios associated with fresh and 

undecomposed organic C, while lower C/N ratios are indicative of older and more 

decomposed fractions (Paul and Clark, 1989). In our study, the highest C/N ratios were 

observed in pine litter – similar to other studies that reported higher C/N ratios of 

coniferous trees over deciduous (Finzi et al., 1998; Smolander et al., 2005) - and this may 

be linked to its correspondingly slow decomposition rate due to low N availability 

(Webster and Benfield, 1986; Bryant et al., 1998). 

2.5.2  Concentration and mass changes of Hg plus stoichiometric relationships to C 

and N 

Across all litter types, litter incubated under controlled laboratory conditions 

exhibited significant Hg mass losses through time (Fig. 2), with losses after 18 months 

ranging from 5 to 23% of initial Hg mass present at the start of the experiment. We 

ensured that all dry mass was harvested from sample jars and was well homogenized 

prior to analysis; even if small fractions of dry mass were lost during harvests, any losses 

would have been constant throughout the experiment (i.e., including at the initial harvest 

at time = 0 months) and would not explain mass losses in time. Hg losses were relatively 

consistent and linear in time. At the level of individual species (post-hoc test after 

ANOVA), significant mass losses were observed in the three deciduous species but were 
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not significant in pine litter. The lack of mass loss in pine may be associated with its 

correspondingly slow rate of decomposition. 

Because litter samples were kept in glass jars that only allowed mass losses by air 

exchange through a 0.2 μm Teflon® filter membrane in the lid, we attribute the observed 

Hg mass losses from litter to gaseous evasion to the atmosphere, most likely in elemental 

form. We originally hypothesized that C mass loss due to mineralization (as CO2) would 

result in corresponding losses of Hg associated with organic C, and our experimental 

results are in support of this hypothesis. Percentage Hg mass losses, however, were 

generally smaller than observed dry mass and C losses; for example, Hg mass losses after 

18 month were 12%, 15%, and 5%, compared to dry mass losses of 19%, 31%, and 8% 

(percentage loss of original mass). The percentage Hg mass lost per unit C loss in these 

three litter types was between 48% to 63%. Only in oak litter did we observe almost 

identical mass losses of dry mass and Hg mass (i.e., 100% Hg lost per dry mass loss). 

Differences among species indicate that ratios of Hg subject to evasion versus retention is 

species-specific, a notion also supported by observed Hg concentrations through time: 

ANOVA results indicate a significant Time and Time x Species effect on Hg 

concentration, and post-hoc tests showed that the Time trend was driven by one litter type 

only (aspen litter) that showed a significant increase in Hg concentration (+24% of the 

original concentration after 18 months). Hg concentrations of the other litter types 

remained close to starting levels (within 1 to 10%). Aspen litter showed the lowest 

fraction Hg loss versus retention, in support of its Hg concentration increase through 

time.  
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Evaporation of gaseous Hg from soils and surface litter is considered an important 

source of Hg emission to the atmosphere; and many studies have quantified such 

emissions, in particular from soils along with its controlling factors (Hanson et al., 1995; 

Carpi and Lindberg, 1997; Gustin et al., 1997; Poissant and Casimir, 1998; Engle et al., 

2001; Zhang et al., 2001; Ericksen and Gustin, 2004; Xin and Gustin, 2007; Kuiken et al., 

2008a, b). Only a few studies have performed corresponding measurements of both Hg
0
 

and CO2 efflux rates in order to assess potential relationships between C mineralization 

and Hg emissions, and to quantify if and to what degree Hg emissions may be due to loss 

of the organic C matrix with which Hg is associated. Fritsche et al. (2008b) reported 

correlations between Hg
0
 and CO2 emissions from soils upon stimulation and inhibition 

of soil respiration using experimental treatments. Wickland et al. (2006) reported a 

correlation between in situ field soil respiration and Hg
0
 emission rates in boreal forest 

soils.  

Previously, Rogers and McFarlane (1979) reported declines in Hg
0
 emissions 

following soil sterilization, albeit without directly measuring CO2 respiration rates. Obrist 

et al. (2010) observed relationships between CO2 and Hg
0
 efflux rates in controlled 

laboratory studies and also showed that Hg/C ratios in surface emission only accounted 

for ~3% of the Hg/C ratio present in soils. They also showed that experimental treatments 

(such as implementation of anaerobic conditions) easily disrupted this CO2-Hg
0
 flux 

relationship. Significant Hg mass losses observed in the present laboratory study 

suggested that gaseous losses of Hg during decomposition potentially may be much 

larger in litter than relatively small Hg losses associated with mineralization in soils. We 

propose that a significant fraction of Hg associated with forest litter – ranging from 48% 
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to full loss and depending on species – may be subject to evaporation losses once litter is 

subject to decomposition, at least under the conditions implemented in our controlled 

laboratory study. 

Our observations of significant Hg mass losses, and relatively constant Hg 

concentrations and Hg/C ratios, during decomposition contrast with observations made in 

the field, both from previous studies and our field control. Demers et al. (2007) observed 

that total litter Hg increased by 134% and 128% of its initial mass in deciduous and 

coniferous litter after two years of exposure in a mixed deciduous and coniferous forest, 

while at the same time litter dry mass decreased by 33% and 43%, respectively. 

Similarly, Hall and St. Louis (2004) reported that Hg mass in deciduous and coniferous 

litter exposed in forests increased by 147%, and 37% compared to initial Hg mass after 

the 798 days of decomposition in a boreal, upland forest, while dry mass declined by 

57% to 46%, respectively. Hayes et al. (1998) showed no Hg mass change in spruce litter 

in the field during 2.5 years, despite 20 to 40% dry mass losses. Along with Hg mass 

increases, Hall and St. Louis (2004) observed Hg concentration increases during field 

exposure (151 to 474% after 798 days of field exposure), and Demers et al. (2007) 

observed Hg concentration increases of 109 to 127 % after two years of field exposure. In 

our study, field control samples exposed at the respective sampling locations showed 

consistently higher Hg concentrations and Hg/C ratios after one year compared to levels 

observed prior to field exposure. Also, litter Hg concentrations were enhanced by 8 to 

+64% compared to samples incubated for the same time period in the laboratory (Fig. 

3A). We graphed Hg concentrations versus respective C/N ratios (Fig. 3C) to quantify Hg 

concentration changes per unit change C/N ratio. By doing this, we account for 
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potentially different decomposition rates of field and laboratory samples, and basically 

―standardize‖ Hg concentrations to the degree of decomposition. Results show that two 

species (mixed deciduous and oak litter) showed particularly pronounced Hg 

concentration enhancements in the field compared to the laboratory (as evident by data 

points above the linear trendline drawn for laboratory samples). Aspen litter, however – 

the species that already showed Hg concentration enhancement in the laboratory – 

showed similar concentration increases in the field, while pine litter showed inconsistent 

and variable patterns. 

The above patterns suggest pronounced sorption of additional Hg in litter exposed 

in the field (in support of Hypothesis 3), leading to 60% concentration enhancements in 

the field compared to litter exposed in the laboratory where atmospheric Hg inputs were 

minimized by 0.2 µm Teflon® membranes covering litter jars and addition of Hg-free 

water. Our results also indicate that Hg accumulation in the field is dependent on litter 

types or on location of field exposure. We did not directly measure Hg deposition at the 

field sites; but based on National Atmospheric Deposition Program data, wet deposition 

in the area of our field sites ranged between 4 to 6 μg Hg m
-2

 yr
-1

 (NADP, 2009). 

Additional Hg deposition can be expected in forest sites due to throughfall deposition 

(Iverfeldt, 1991; St Louis et al., 2001; Lindberg, 1996) and dry deposition (Driscoll et al., 

2007; Lyman et al., 2007; Selin et al., 2007). Previous litter studies have attributed 

increases in Hg concentrations in the field to significant sorption of Hg from the 

surrounding environment (e.g., Hall and St. Louis, 2004; Demers et al., 2007), although 

these studies have not looked at the potential for ―internal‖ Hg accumulation due to 

preferential losses of C over Hg in decomposing litter. Our field and laboratory 
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comparisons support the notion that sorption of additional Hg in the field is the main 

reason for Hg accumulation in litter but suggest that preferential release of C over Hg 

also leads to ―internal‖ Hg accumulation in some species. In addition to sorption of 

atmospheric Hg deposition, it is possible that tissues in the field equilibrate Hg 

concentrations with those of the surrounding substrates: Hall and St. Louis (2004) 

observed that litter with initial Hg concentration of less than 30 ng g
-1

 showed increases 

in Hg concentration, while litter with Hg concentrations more than 30 ng g
-1

 generally 

showed a decrease compared to initial concentration. In our study, we did not find 

indication for such a ―compensation‖ point. The notion of significant sorption of Hg in 

decomposing litter is in good agreement with many studies that report strong 

accumulation of Hg in litter and surface soil layers in the field (Mierle, 1990; Aastrup et 

al., 1991; Nater and Grigal, 1992; Munthe et al., 1998; Grigal, 2003; Friedli et al., 2007; 

Obrist et al., 2011).  

It is important to note, however, that artificial laboratory conditions also may have 

contributed to differences between laboratory and field litter samples, including artificial 

temperature, solar radiation, and differences in watering (e.g., Millipore water versus 

rainwater, drying-wetting cycles). For example, laboratory samples were kept under 

darkness while litter samples in the field may have experienced light exposure. 

Laboratory samples hence may have been shielded from photoreduction processes (e.g., 

Graydon et al., 2008). This effect, however, actually should have decreased Hg levels of 

field-exposed litter. Light exposure may possibly only affect very top-surface leaves and 

may be important for short time periods (until burial by new leaves). Light exposure also 

may play a role in litter decomposition (e.g., through reduction in litter decomposition 
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rate; Austin and Vivanco, 2006). We observed pronounced differences in Hg 

accumulation patterns between the four litter species; for example, aspen litter showed 

Hg concentration increases both in the field and during laboratory exposure, while pine 

litter showed a lack of accumulation under both exposures. This may be caused by pine 

litter's low decomposition rate (note its slow mass loss in Fig. 1), possibly caused by 

relatively high C/N ratios as discussed above. Previous studies have in fact shown links 

between terrestrial organic matter degradation and Hg sorption in terrestrial watersheds 

and in lakes (Grondin et al., 1995; Teisserenc et al., 2011), and our results of increased 

Hg concentrations as a function of decreased C/N ratios - at least for some litter types - 

and higher Hg accumulation in the field in more decomposed substrates would be in 

support of this notion.  

In a large field investigation, Obrist et al. (2011) observed increasing Hg 

accumulation in litter and soils from southern to northern latitudes using data of 14 forest 

sites (Obrist et al., 2011), which they attribute in part to potentially slower decomposition 

rates - and hence longer exposure - of organic carbon pools in northern latitudes. Given 

that we only evaluated four litter types, it is not possible to assess if Hg accumulation 

patterns are specific to particular litter types (such as coniferous versus deciduous litter). 

Aside from C/N ratios, for example, litter types differ in many other biogeochemical 

processes (tanning and lignin contents, mineralization rates, microbial biomass, dissolved 

C and N dynamics; Finzi et al., 1998; Cote et al., 2000; Smolander et al., 2005), and such 

parameters can affect the capacity of litter to retain or sorb Hg. 
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2.5.3  Solubility of Hg in litter during decomposition 

When harvested litter was submerged in water for quantification of Hg solubility, 

the amount of soluble Hg (filtered by 0.45 µm membrane) per litter dry mass strongly 

decreased in time. At the start of the experiment, soluble Hg averaged between 0.07 and 

0.22 ng Hg g
-1

 dry mass, depending on species. This amount, although highly variable, 

decreased to close to the detection limit (about 0.05 ng Hg g
-1

 dry mass) to 0.13 ng Hg g
-1

 

dry mass after 12 months. After 18 months, most litter samples showed no soluble Hg 

concentrations above the detection limit anymore. These results indicate that the fraction 

of Hg available for mobilization as soluble Hg decreases with increasing time of 

decomposition.  

Comparisons of these results with other studies are challenging since we are not 

aware of studies that also addressed Hg solubility of variously decomposed litter 

substrates. In a controlled litter incubation study, Tsui et al. (2008) submerged forest litter 

samples in different stream water  types for 66 days and observed that soluble Hg (both 

total Hg and methylated Hg) in water samples increased significantly with time of 

exposure. The Tsui et al. study demonstrated that litter in streams and lakes decomposing 

under hypoxic conditions contribute Hg to these water bodies and showed that the 

contributions are highly dependent on stream water chemistry. The experimental 

conditions between Tsui et al.’s study and ours are not comparable – given that we 

decomposed litter under aerobic conditions and assessed Hg solubility at the time of 

harvests, while Tsui et al.’s study assessed the cumulative amount of soluble Hg released 

under anaerobic decomposition. In the field, Hall and St. Louis (2004) reported Hg 

concentration increases in tree litter submerged in flooded reservoirs whereby litter 
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seemed to reach equilibrium conditions with the surrounding water. In sphagnum tissues, 

Heyes et al. (1998) and Hall and St. Louis (2004) reported Hg mass losses from litter 

submerged in wetland and flooded reservoirs, respectively. 

Possible reasons for declines in soluble Hg release with increasing stage of 

decomposition include gaseous losses of Hg (see above) that may have depleted Hg that 

was initially present in soluble form. Other reasons include the possibility that 

decomposition may have led to increased surface area as well as increased presence of 

humic and fulvic substances, which may result in more efficient sorption of atmospheric 

Hg in decomposing litter tissues. Allard and Arsenie (1991) showed that humic and fulvic 

acids have strong sorption capacity for Hg, thereby reducing its mobility; and humic 

matter plays a major role in controlling solubility and mobilization of Hg in freshwater 

systems (Mierle and Ingram, 1991; Weber, 1993). It is unclear if soluble Hg extracted 

from litter was of external or internal origin (i.e., surface wash-off or internal leaching; 

Rea et al., 2000). Ericksen et al. (2003) showed that about 1.5 to 3% of total Hg present 

in fresh leaves is water soluble and easily rinsed from the leaves. In our study, the 

fraction of soluble Hg, as a percentage of total Hg, only ranged between 0.2 and 0.6 % at 

the beginning of the experiment and further declined with time. Reasons for reduced 

solubility in our study may include tissue types, leaf age, and stage of decomposition 

(e.g., fresh leaves versus surface Oi litter), and that litter was subject to precipitation 

wash-off prior to collection in the field while leaves used by Ericksen et al. (2003) were 

grown in environmentally controlled growth chambers without experiencing rain. 
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2.6  Summary 

The results of our laboratory incubation study showing substantial Hg mass losses 

in decomposing litter are important in regard to emissions of Hg from terrestrial 

ecosystems. Such releases back into the atmosphere can be considered re-emission fluxes 

of Hg that was originally deposited by leaf litterfall. The issue of re-emission processes is 

of high interest since thousands of tons of Hg are contained and stored in surface litter 

and surface soils (e.g., Grigal et al., 2003; Obrist et al., 2007), including substantial 

amounts of past anthropogenic emissions due to increased atmospheric Hg pollution 

during the last 150 years (Fitztgerald et al., 1998; Schuster et al., 2002). Substantial re-

emission of Hg contained in terrestrial storage pools, particularly during mineralization 

processes, could have important consequences for global environmental change due to 

predicated losses in C storage (Grigal, 2003; Obrist, 2007). Recent studies using stable 

isotopes (Hintelmann et al., 2002; Ericksen et al., 2005; Harris et al., 2007; Graydon et 

al., 2009) showed that most of newly deposited Hg, when applied via wet deposition, is 

retained in watersheds and soils and that atmospheric re-emission may account for less 

than 10% in the first year after application (Ericksen et al., 2005; Harris et al., 2007). Our 

study points toward potentially stronger re-emission, up to 23% of Hg within 18 months, 

of Hg that is originally associated with plant litter. Our study, however, cannot address 

the degree to which re-emission will reach the atmosphere in the field, or to what degree 

artificial laboratory conditions might have biased our results. Our laboratory litter 

samples, for example, were kept in an artificial environment, were removed from soils, 

kept in darkness, and watered regularly with Millipore water, and all these conditions 

may affect re-emission losses of Hg. 
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In a field study, for comparison, we found that gaseous Hg/C ratios in emissions 

only accounted for a few percent of the Hg/C ratios of the soil pool (Obrist et al., 2009), 

while in the laboratory, we observed up to equivalent loss of Hg and C upon 

decomposition in litter. Downey-Smith et al. (2010) estimated the fraction of re-

emissions of Hg released from soil organic carbon upon decomposition to 16%. Our 

results also indicate that litter types show highly species-specific behaviors.  Evasion 

losses of Hg were variable by species (ranging from 5 to 23%), and so was sorption of 

new Hg litter observed in the field, indicating that different plant tissues show inherently 

different behaviors regarding sorption, retention, and re-emission of Hg. 
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2.8  Figure Legends 

Figure 1. Development of dry mass (A), carbon mass (B), and (C) C 

concentrations (B), throughout 18 months of litter decomposition in a controlled 

laboratory study. Bars represent means ± standard deviations of five replicate samples.  

P-values in title of figures are effects of Time based on ANOVA results using all species, 

and P-values on top of bars are tests for individual species based on Bonferroni post-hoc 

analyses (Table 2). 

Figure 2. Development of Hg concentration (A), Hg mass (B), Hg/C ratio (C)  

throughout the 18 months of litter decomposition in the controlled laboratory study. Bars 

represent means ± standard deviations of five replicate samples. P-values in title of figure 

are effects of Time based on ANOVA results using all species, and P-values on top of 

bars are tests for individual species based on Bonferroni post-hoc analyses (Table 2). 

Figure 3. A: Hg concentraitons of field samples prior to (t=0 month) and after (t 

= 12 months) one year of exposure in the field. Bars represent means±standard deviations 

of 15 replicate samples. P-values are based on paired t-tests (A). B: same as panel A for 

Hg/C ratios. C: Scatter plots of Hg concentration and C/N ratios of all litter samples in 

the laboratory decomposition study (black symbols). Samples at different harvest times 

are marked with different symbols. Regression line marks linear trendline (solid line  

when P<0.05) between Hg and C/N ratios in laboratory samples. Red symbols are Hg 

concentrations, and C/N ratios of samples exposed in the field. In two species, points fall 

clearly above trendlines for laboratory samples.  

Figure 4. Development of soluble Hg per unit dry mass throughout the 18 months 

of litter decomposition in the controlled laboratory study. Bars represent means ± 
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standard deviations of five replicate samples.  P-value in title of figure is effect of Time 

based on ANOVA results using all species, and P-values on top of bars are tests for 

individual species based on Bonferroni post-hoc analyses (Table 2).



64 
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Chapter 3 : Behavior and transport of mercury in the soil profiles 

3.1. Introduction 

In terrestrial ecosystems, large amounts of mercury (Hg) are usually found in the 

organic material of the forest floor and in surface soils (Lindquvist et al., 1991; Lee et al., 

1994; Schwesig et al., 1999). Hg has a high affinity to sulfur (S), which leads to a strong 

binding of Hg to soil organic matter (Schuster, 1991). The pool of Hg in soil originates 

mainly from airborne Hg, which accumulates in the soil profile (Schuster, 1991), 

although it is also possible that geogenic sources add to Hg loads. In regards to 

atmospheric sources, Hg is deposited to terrestrial surfaces via wet (Lindberg et al., 1992) 

and dry deposition (Zhang et al., 2009; Fu et al., 2010). Similarly, throughfall and 

litterfall are major potential pathways of atmospheric Hg to reach the forest soil 

(Lindberg, 1996; Grigal, 2003; Driscoll et al., 2007). 

Many studies have looked at the distribution of Hg in soils and at the processes 

that control it. For example, the concentration of Hg in soil usually decreases with depth 

compared to upper soil horizons (Obrist et al., 2009). This depth pattern of Hg is 

generally due to the link between Hg and soil organic matter (Aastrup et al. 1991; Meili, 

1991; Grigal, 2003), which leads to significant reduction of Hg concentration with depth 

(Johnson and Lindberg, 1992). The dominant forms of Hg in soil are Hg 
2+

 and Hg
0
 

(Schuster, 1991; Yin et al., 1996). Schuster (1991) found that the behavior of Hg in the 

soil is strongly controlled by adsorption and desorption due to complexion processes, 

where the most important ligands are OH
-
, Cl

-
 and organic anions. There are many 

different reactions that happen within soils, including methylation of Hg
2+

, demethylation 
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of CH3Hg
+
 and (CH3)2Hg, and oxidation of Hg

2+
 (Carpi and Lindberg, 1998), and a 

widely noted reaction is reduction of Hg
2+

 to Hg
0
. As a result, the distribution of Hg in 

soil changes due to soil Hg redox reactions, in addition to soil Hg
0
 emissions and 

atmospheric Hg deposition processes (Zhang and Lindberg, 1999). 

Deposited Hg may again be remitted, or recycled, from soils back to the 

atmosphere (Schoreder and Munthe, 1998; Ericksen et al., 2005), and large quantities of 

atmospheric Hg may in fact be derived from terrestrial soils (Mierle, 1990; Munthe et al., 

1998). However, it is not entirely clear if soil-atmosphere exchanges are dominated by 

emissions or depositions. Clearly, atmospheric losses of can Hg occur during fires when 

organic matter rich in Hg is burned and releases Hg back to the atmosphere (Weiss-

Penzias et al., 2007). Aside from fires, it has been observed that the temporal trend of the 

soil-atmosphere exchange of Hg showed that emissions are more common than 

depositions (Kim and Lindberg, 1995). Losses of soil Hg
0
 were reported small in the 

morning, highest in near mid afternoon, and insignificant throughout the nights (Kim and 

Lindberg, 1995). After rain events, soil Hg
0
 emissions increases– about five times – over 

rates measured before rainfall (Lindberg et al.; 1999). Similarly, in dry ecosystems, 

elevated soil moisture due to precipitation events increased volatilization of Hg
0
 (Gustin, 

and Stamenkovic, 2005). Other studies show that when soil is dry (5-6 vol %), addition of 

moisture has increased Hg
0
 emissions by a factor of 12-16 times, but when soil was 

initially moist (>15 vol %), no further increase of Hg
0
 flux were observed after adding 

moisture (Song and Heyst, 2005). However, studies also showed that soil-atmosphere 

exchange processes can be dominated by Hg deposition to the soils, particularly in 

background soils. For example, Tomiyasu et al. (2006) reported a continuous deposition 
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of ambient Hg through summer to the end of fall. The recycling of Hg between 

atmosphere, background soils, and foliar surfaces may cause prolonged atmospheric 

contamination as continuous deposition and emissions of Hg keep the Hg cycled through 

ecosystems and air (Gustin et al., 2008). Kuiken et al. (2008a) reported a yearly day time 

mean Hg
0
 flux in deciduous forest of Tennessee of 0.4 ± 0.5 ng m

−2
 h

−1
. They also 

noticed a seasonal trend of lower emission of Hg
0
 from the background surface in the 

spring and summer at the period of closed canopy relative to the fall and winter of open 

canopy period. Similarly, Kuiken et al. (2008b) found that Hg
0
 air/surface exchange was 

consistently very low and similar, and overall daytime mean flux was 

0.2 ± 0.9 ng m
−2

 h
−1

 in eastern USA. 

To better understand deposition and emission of Hg
0
 between soils and the 

atmosphere, we need to understand the state of Hg and the behavior of Hg in soils. 

Reduction of Hg
2+

 to Hg
0  

is important for subsequent volatilization of Hg
0
 from 

terrestrial surfaces since Hg
0
 is the dominant form that contributes to exchange of Hg

0
 to 

atmosphere (Gabriel and Williamson, 2004). Hg reduction and subsequent volatilization 

from soils is strongly controlled by physical (i.e., abiotic) processes such as soil pH, 

organic matter, temperature, vegetative cover, wind speed and turbulence, solar radiation, 

and barometric pressure (Andersson, 1979; Johnson and Lindberg, 1995; Carpi and 

Lindberg; 1997; Gustin et al., 1997; Engle et al., 2001). For example, Kim and Lindberg 

(1995) reported that the emission of Hg
0
 was strongly correlated with environmental 

conditions such as soil temperature, wind speed, fluctuations in vertical wind, and 

relative humidity. Research by Fritsche et al. (2008) and Obrist et al. (2010) also showed 
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an effect of biotic processes, as they observed that emissions of Hg
0
 are controlled by 

biotic processes at some extent.   

The reduction of Hg has been reported higher in sandy soils compared to clay or 

organic soils because of the relatively slow and inefficient sorption of Hg to sand (Rogers 

1979; Schluter 2000). Species like Fe
2+

, and humic, and fulvic compounds can be 

reductants of Hg
2+

 in soils (Gabriel and Williamson, 2004), and Hg
2+

 reduction and 

volatilization can be increased by temperature (Kim et al, 1995; Lindberg et al., 1995) 

and solar radiation (Carpi and Lindberg, 1998; Gustin et al., 2002). 

It has been proposed that Hg
0
 enters the atmosphere by reduction of Hg

2+
 to Hg

0
 

in the soil and by sequential diffusion or mass transport through the soil to the surface 

(Selin et al., 2007). However, the transport of Hg
0
 through soils, and as such the 

pathways for soil Hg
0
 emissions, are highly uncertain since virtually no measurements 

exist that describe the distribution of Hg
0
 in soils. On the surface, Hg

0
 vaporizes readily 

to the atmosphere (Grigal, 2002). In the soil profile, Sigler and Lee (2006) described 

strong seasonal variations in soil gaseous Hg
0
 levels that depended on soil temperature. 

Highest Hg concentration were consistently observed in top soils, and it was concluded 

that the top surface acts as the main source for elemental Hg
0
 production which is 

ultimately emitted to the atmosphere (Sigler and Lee, 2006). They also concluded that 

there may be a major role in evaporation processes for controlling soil Hg
0
 evolution 

(Siegal and Siegal, 1988). Elemental Hg
0
 that exists in gaseous form occupying soil pore 

space has been observed in soils (Sigler and Lee, 2006; Moore et al., 2010) in 

concentrations varying from 1 to 53 ng/m
3 

(Johnson and Lindberg, 1995) 
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Schluter (2000) reported that Hg transport in soil is slow, and proposed that over 

short distances transport is due to diffusion but that Hg is likely re-absorbed to soils as it 

diffuses upward. Schluter (2000) also mentioned that most of the Hg
0
 emitted from soil is 

likely from those layers where the highest concentrations of Hg are found, and that 

emissions are favored under conditions of strong formation of volatile gaseous Hg
0 

and 

where little binding to overlying soil layers will occur. On the other hand, Johnson et al. 

(2003) indicated that soil Hg
0 

efflux is not controlled by diffusion process, however, 

diffusion might help to fill up surface soils from which evaporation of Hg
0 

occurs. They 

also showed that soil Hg
0
 concentrations were enhanced by watering of the dry soil.  

In order to clarify the behavior and transport of Hg
0
 in soils, and to assess if Hg

0
 

diffusion in soils plays a strong role for Hg
0
 emissions, I conducted a study to assess the 

depth distribution of Hg
0
 in background forest soils. Because of the close relationship of 

Hg and organic matter, I was also correspondingly conducting observation of CO2 along 

with that of Hg
0
 in the soil profile. Previous work has shown that CO2 concentration in 

soil profiles showed strong seasonal differences due to the impact of temperature, 

moisture, and diffusion rates; for example, the diffusion gradient of CO2 decreases with 

depth in cold seasons and increases in the summer season (Jong and Schappert, 1972, 

Raich and Schlesinger, 1992; Lylod and Taylor, 1994; Peterjohn et al., 1994; Rusted and 

Fernandez, 1998; Kirschbaum, 2000). By comparing patterns of Hg
0
 with the relatively 

well-known diffusion patterns of CO2, I intend to find out if Hg
0
 behaves as CO2 and to 

what degree Hg
0
 transport in soils is driven by diffusion processes.  
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3.2  Hypotheses 

The following hypotheses will be tested in this study:  

1. Hg
0
 distribution in soil profiles will follow similar diffusion gradients as those 

expected to occur for CO2, which shows highest concentrations in deeper soils and lower 

concentrations in upper soils due to diffusion-driven equilibrium between the soil and the 

atmosphere. 

2. Soil-pore Hg
0
 distribution patterns in soil profiles will show seasonal and 

temporal patterns, reflecting differences Hg
0
 production rates. I expect that highest Hg

0
 

levels are found under conditions favoring Hg
2+

 to Hg
0
 reduction, which causes the 

emissions of the Hg
0
 to the atmosphere.   

3. Soil-atmosphere Hg
0
 exchange at the soil surface will be linked to corresponding 

soil-pore Hg
0
 concentrations and concentration profiles; high soil Hg

0 
concentrations are 

expected to lead to high surface Hg
0
 emissions, while low soil Hg

0
 concentrations will 

lead to low surface Hg
0 

emissions. This would indicate that Hg
0
 diffusion from soil pores 

is an important process contributing to surface Hg
0
 exchange.  

4. Alternatively, if soil Hg
0
 exchange at the surface is independent of soil-pore Hg

0
 

concentrations and concentration profiles, this would indicate that surface emissions are 

unaffected by underlying soil process and are driven dominantly by surface or near-

surface processes. 
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3.3  Materials and Methods 

3.3.1  Site of measurements 

I conducted a field experiment for the continuous monitoring of soil Hg
0
 and CO2 

concentrations in soils at Sagehen Creek Field station near Truckee, California, between 

05/13/2010 to 11/15/2010. The station is situated at 39°25’54‖ N and 120°14’23‖ W at an 

elevation of 1943 m. Average annual rainfall is 88 cm and snowfall is 515 cm, and 

average temperature range from -11 to 4 °C in January, to 26 °C in July ( UC/ NRS, 

2010). The forest of Sagehen Experimental Station is dominated by yellow pine (Pinus 

ponderosa), red fir (Abler magnifica), and various shrubs. In the winter season, deep 

snowpack dominates the basin, while summers are typically very dry and warm. 

3.3.2  Instrumental set-up to measure soil Hg
0
 and CO2 concentrations 

I performed continuous soil Hg
0 

and CO2 concentration measurements at three 

different soil depths and two different locations. Soil depths were 7 cm, 20 cm, and 40 

cm, and two replicate locations are named Location 1 and Location 2. I installed semi-

permeable, High-Density-Porous PTFE Tubing (Model 032-03; International Polymer 

Engineering, Tempe, Arizona, USA) of 20 cm length, horizontally placed at each soil 

depth. The Teflon tubes were connected to ¼‖ diameter PTFE tubing, which was then 

connected to an 8-port sampler (Model 115 Synchronized Multi-Port Sampler; Tekran 

Inc., Toronto, Canada) with tubing of approximately 7-meter length (Fig. 1).  

Port sampler was programmed alternating between different inlet lines every 45 

minutes. I only used 7 of the available ports, and the sequence was programmed in the 

following way: Location 1—top 7 cm; Location 1—20cm; Location 1—40cm; Location 

2—7cm; Location 2—20cm; Location 2—40cm; and ambient air. Each soil location was 
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sampled for only one 45-mintutes interval, while ambient air was sampled for 4 45-

minutes period. The duration to sample all lines was 450 minutes, or 7.5 hours, and each 

line was sampled between 3 to 4 times each day.  

The synchronized port sampler was connected to a Gaseous Mercury Analyzer 

(Model 2537; Tekran Inc., Toronto, Canada), which predominately measures Hg
0
 with a 

range of <0.1-2000 ng/m
3 

(Lindberg and Meyers, 2001). A 47-mm Teflon filter with pore 

size of 0.2 µm was placed at the inlet of the Tekran. Ultra-high purity (UHP) argon gas 

pressurized at 30 psi was supplied to the Tekran as a carrier gas. I modified the Tekran 

2537 analyzer to allow very low flow rates of the instruments: I bypassed the Tekran 

flow meter and pump and controlled the flow at 50 ml/min using a low-volume external 

pump and a low-flow mass flow controller (Range 0-200 ml/min; Model GFC17; 

AAlborg, Orangeburg, New York, USA). I programmed the Tekran analyzer to collect 1 

sample every 45 minutes. This resulted in a sample volume of 2.25 liters/sample. The 

Tekran measures total gaseous Hg concentration, but I expect that in this experiment it 

measures predominantly Hg
0
 which is the dominant gaseous form in soils (Kim et al., 

1995). A computer was connected to the Tekran for data logging. The analyzer was set to 

automatic calibrate every 49-hours using an internal Hg permeation source. All sampling 

lines and Teflon parts were cleaned with MICRO-90 soap and 5% dilute nitric acid and 

dried in a particulate-free environment.  

After the Tekran analyzer, the flow was connected to an infra-red gas analyzer to 

measure CO2 concentrations (Model 7000 CO2/H2O analyzer; LI-COR Inc., Lincoln, 

Nebraska, USA). LI-COR 7000 was connected to a data logger (Model CR10X, 

Campbell Scientific, Logan, Utah, USA) to log CO2 concentrations every minute. The LI-
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COR 7000 analyzer was calibrated manually every week during the site visit by re-setting 

the zero offset. 

During the course of the 6 months of measurements, I missed some data due to 

instrumental problems and power outages. The automatic calibration of Tekran that lasted 

for three hours also caused data gaps every 49 hours. For data processing, CO2 

concentration data for each minute was averaged to the same 45 minute interval as the Hg 

data to synchronize CO2 data with Hg data. I deleted CO2 data of the first three minutes 

after switching of the lines as dead volume of the system, which accounted for  7 % of 

the time in the overall 45 minutes period. I performed frequent leak test of the system to 

ensure that there were no air leakage that contributes to measurement errors. Leak tests 

were performed by manually stopping air flow at each individual sampling ports, and 

observing a full drop in flow rate on the mass flow controllers. During weekly site visits, 

Hg
0
 and CO2 data were downloaded.  

3.3.3  Auxiliary measurements: soil temperature, soil water content, and soil Hg 

concentrations 

Three TDR probeds (Time-domain Reflectometer; Model CS605-L, Campbell 

Scientific, Logan Utah, USA) to measure the soil water content and three soil 

temperature sensors (Model 107-L, Campbell Scientific, Logan Utah, USA) were 

installed in the same soil depths near Location 2 of the sampling. Data were recorded 

every 15 minutes, and logged to the Campbell data logger. During weekly site visits, data 

were downloaded. Soil samples were collected from the three different soil depths at each 

location during the initial installation of the system using stainless steel shovels. Samples 

were double bagged and stored on ice. Soil samples were analyzed for total Hg, C, and N 
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concentrations. Hg concentrations were analyzed using a Model MA-2000 Total Mercury 

Analyzer (Nippon Inc., Takatsuki, Japan) according to U.S. EPA Method 7473 and as 

described in detail Chapter 2 of this thesis. Carbon and nitrogen were analyzed using a 

Leco Truspec carbon/nitrogen analyzer (LECO, St. Joseph, Michigan, USA) at the Soil 

Forage and Water Analysis Laboratory at Oklahoma State University, which guarantees 

accuracy and precision of test results through daily analysis of quality control samples. 

All instruments used for analysis were calibrated with certified standards and maintained 

in accordance with specification. Using standards every 10 samples, specific quality 

control for C/N analysis included frequent blank test and sample checks.

3.3.4  Surface Flux measurements of Hg
0
 

To test Hypotheses 3 and 4 (link between surface Hg
0
 flux with soil-pore Hg

0
 

concentration), I performed surface Hg
0
 flux  measurements on July 21-22, 2010 and on 

November 15-16, 2010 using a second Tekran 2537 analyzer. For soil surface Hg
0
 flux 

measurements, a chamber (Cambro 2SFSCW, crystal clear, polycarbonate) with 

dimensions of 14.5 cm x 14.5 cm and a height of 8.5 cm was placed on top of soil 

surface. Two holes were drilled into the chambers which served as air inlet and outlet 

ports. The outlet port was connected to one port of the synchronized port sampler, and a 

line measuring ambient air outside of the chamber was connected to a second port of the 

synchronized port sampler. For measurements, these two ports were alternatively 

measured. Ambient air was drawn through the chamber at a sampling rate of 1.2 lpm, and 

measurements were alternated between inlet and outlet chamber air at 2.5 minutes 

intervals. Fluxes of Hg
0
 were calculated as the difference in concentrations measured 

between inlet and outlet ports of the chambers, and calculated as:  
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Surface Hg
0
 flux (ng/m

2
/h) = [(Inlet Hg concentration (ng/m

3
) – Outlet Hg 

concentration (ng/m
3
)] x sampling rate (m

3
/h) /soil surface area (m

2
). Blank 

measurements were performed with empty chambers covered by a chamber lid. Prior to 

each sampling date, sampling lines, chambers, and Teflon parts were cleaned with 

MICRO-90 soap and 5% dilute nitric acid, and all lines and chambers were flushed with a 

Tekran Zero Air Generator (Model 1100, Tekran Inc., Toronto, Canada) for two days at 

our DRI laboratory. Measurements of surface Hg
0
 fluxes were carried out in the full sun, 

in shaded areas, in the dark by covering the chambers with a blanket, and in the nighttime 

period. Fluxes were measured for 20 minutes duration in the full sun, shaded areas, and in 

the dark, and repeated several times. 
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3.4  Results  

3.4.1  Measurement System Evaluation 

3.4.1.1  Quality control of the system using air Hg
0
 and CO2 concentrations 

The ambient concentration of CO2 and Hg
0
 measured in the air (at about 1.8 m 

height) served as the control for the performance of the system. Current CO2 

concentrations average about 385 ppm (Solomon et al., 2009) and current ambient Hg
0
 

concentrations are about 1.7 ng m
-3 

(Selin et al., 2007). During my measurements, daily 

mean Hg
0
 concentration in air varied from 1.0 to 2.0 ng/m

3
 (Fig. 2A). Daily mean 

ambient Hg
0
 concentration at the site was 1.6 ± 0.2 ng/m

3 
(mean ± standard deviation), 

close to expected ambient levels. There were no significant trends in daily air Hg
0
 over 

the course of the 6 months experimental period. However, variability in measurements 

were much higher than normally observed with a regular Tekran 2537 analyzer running 

at regular flow rates and time resolutions.  

In the case of air CO2 concentrations, daily mean values ranged from 388 to 507 

ppm. Average air CO2 concentration over the study period was found to be 438 ± 23 ppm 

(mean ± standard deviation), or about 14 % higher than the current expected ambient 

values. Overall, there also was no pronounced trend in observed air CO2 concentrations. 

3.4.1.2  Example of measurement sequence and data processing 

Because CO2 was measured at a time resolution of 1-minute, Fig. 2B shows a 

typical sequence of CO2 concentrations over a 6-hour period. The graph shows the 

sequence of 45-minutes measurements: starting with (i) ambient air, (ii) soil at 7 cm 

depth in location 1; (iii) soil at 20 cm depth at location 1; (iv) soil at 40 cm depth at 

location 1; (v) soil at 7 cm at location 2; (vi) soil at 20 cm at location 2; (vii) soil at 40 cm 
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at location 2; and (viii) again ambient air. Ambient air was measured for 4 45-minutes 

cycles in order to minimize the air pulled from the soil over a day. This resulted that the 

full sequence was measured once every 7.5 hours, or about 4 times each day.  

Fig. 2B shows more detailed CO2 patterns during a shift from ambient air to soil 

at 7 cm and soil at 20 cm depth. The graph shows that concentration changes of CO2 

changed significantly after shifting of the ports. But there was a time delay until 

concentration were stable. I estimated this time delay at about 3 minutes. For CO2, I 

hence deleted the first 3 minutes of measurements after switching of the ports for data 

processing. This can’t be done, however, for Hg
0
 since we only have 1 measurement 

every 45 minutes. Hence, the errors during switching of the ports are included in the Hg
0
 

measurements.  

Fig. 2C shows another important aspect: soil at 7 cm is close to the atmosphere, 

and pulling air from this depth could result in sampling of atmospheric air due to 

diffusion from the top. A detailed look at the top 7 cm-depth measurements during 45 

minutes showed only very slight decreases in CO2 concentrations over time. In the 

example shown in Fig. 2C, CO2 concentration decreased slightly from 4879 ppm to 4438 

ppm, which is about 9 % of the initial peak. That means that I did not have a significant 

diffusion of atmospheric air to the soil at 7 cm soil depth during sampling. 

3.4.1.3  Example of a typical day of CO2 and Hg
0
 measurements  

A typical day of CO2 concentration patterns of ambient air and in soils at different 

depths and different locations is shown in Fig. 3A. The graph shows that atmospheric 

CO2 concentrations were very similar throughout the day. Compared to ambient air, soil 

CO2 concentrations were much higher, generally exceeding 2,000 ppm. The graph shows 
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that multiple measurements at the same depths and locations were very similar, showing 

good replication of measurements. The graph also shows that concentrations in soils 

generally increased from 7 cm to 20 cm to 40 cm. For example, in location 1, 

concentrations increased from 4851 ppm to 7270 ppm to 16976 ppm with increasing 

depth.  

Fig. 3B shows a typical example of Hg
0
 concentrations over a day. Ambient Hg

0
 

concentrations were variable, ranging from 1.5 ng/m
3
 to 3.2 ng/m

3 
on this day.  

Measurements in soils were always lower than ambient air Hg
0
 levels. In location 1, Hg

0
 

concentrations decreased from 7 cm to 20 cm, and further decreased to 40 cm, with 

lowest values at 40 cm of about 0.2 ng/m
3
. In location 2, patterns were different: Hg

0
 

concentration decreased from 7 cm to 20 cm depth, but there was not further decrease to 

40 cm depth. Also, there were strong differences in concentrations between locations: for 

example, at 7 cm, location 1 showed a Hg
0
 concentration of 1.5 ng/m

3
, while Hg

0
 

concentration was much lower at location 2 (0.5 ng/m
3
).  

3.4.1.4  Hg
0
 concentrations at different soil depth and temporal trends 

Fig. 4 A-C show daily averaged concentrations of Hg
0
 at different soil depths. 

Each figure shows the ambient air Hg
0
 in orange color, and in blue shows the two 

replicate soil measurements, plus the average of the two replicates, for Hg
0
 

concentrations. At a depth of 7 cm (Fig. 4A) Hg concentrations were always lower than 

those measured in ambient air. Concentrations varied from 0 (below detection) to 1.6 

ng/m
3
 in location 1, and from 0 to 0.6 ng/m

3
 in location 2. The averaged Hg

0
 

concentrations over the entire measurement period were 0.9 ± 0.4 ng/m
3 

and 0.2 ± 0.1 

ng/m
3
 respectively, and was 0.5 ± 0.3 ng/m

3 
for both locations.  
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Hg
0
 concentrations at 7 cm showed strong time trends. Hg

0
 at both locations 

showed very strong fluctuation in time, particularly during summer. At both locations, 

spring Hg
0
 levels were relatively stable, but Hg

0
 concentrations started to decrease very 

strongly from July to September. In late August and September, soil Hg
0
 concentrations 

were very low and close to zero. In fall, Hg
0
 levels started to rebound strongly again. 

Average values of Hg
0 

concentration over the three seasons were 0.8 ± 0.1 ng/m
3
 

(spring/early summer), 0.3 ± 0.2 ng/m
3
 (late summer/early fall), and 0.5 ± 0.2 ng/m

3
 

(fall). For these seasonal numbers, I considered spring/early summer from begin to July 

25, late summer/early fall from July 26 to October 4, and fall from October 5 to 

remaining dates.  

At 20 cm soil depth (Fig. 4B), Hg
0
 concentrations varied from 0.2 to 0.9 ng/m

3
 at 

location 1 and 0 to 0.3 ng/m
3
 at location 2, with mean values of 0.6 ± 0.2 ng/m

3
 and 

0.05±0.6 ng/m
3
, respectively. In spring and fall, Hg

0
 concentration at both locations was 

much lower at 20 cm soil depth compared to 7 cm, although in summer and early fall 

values were relatively similar. Unlike at 7cm, there was no pronounced decreasing or 

increasing trend of Hg
0 

concentration in time, and average Hg
0
 values of both locations 

stayed mainly between 0.4 to 0.7 ng/m
3
. Hg

0
 concentrations hence were much more 

stable compared to 7 cm soil depth, and I didn’t see a strong drop in Hg
0
 in summer nor a 

strong rebound of concentrations in fall. The daily average Hg concentration at both 

locations was about 40 % lower than at 7 cm soil depth. Average values of Hg
0
 

concentration at 20 cm depth were 0.31 ± 0.08 ng/m
3
 (spring), 0.28 ± 0.09 ng/m

3
 

(summer), and 0.34 ± 0.11 ng/m
3 

(fall), respectively. 
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At 40 cm soil depth (Fig. 4C), Hg
0
 levels ranged from 0 to 0.2 ng/m

3
 in location 1 

and 0 to 0.3 ng/m
3
 in location 2. Average Hg

0 
concentration at locations 1 and 2 were 

0.03 ± 0.04 ng/m
3
 and 0.15 ± 0.09 ng/m

3
, and the mean of both locations was 0.09 ± 0.05 

ng/m
3
. Hg

0
 levels were often below the detection limit of the analyzer (i.e., 0-values). 

Hg
0
 levels were hence the lowest of all soil depth, for example 70% lower than Hg

0
 

levels observed at 20 cm soil depth and 82 % lower than at 7 cm soil depth. 

Hg
0
 levels at 40 cm soil depth were constantly low in time, with little temporal 

trends. Hence, seasonal average values were very similar, averaging 0.07±0.05 ng/m
3 

(spring), 0.09±0.04 ng/m
3 

(summer), and 0.09± 0.07 ng/m
3 

(fall). 

3.4.1.5  CO2 concentrations at different soil depth and temporal trends 

Fig. 5 A-C show CO2 concentrations of ambient air and in the soils at depths of 7 

cm depth (A), 20 cm (B), and 40 cm (C). CO2 concentrations at 7 cm (Fig. 5A) varied 

from 2317 ppm to 9186 ppm in location 1, and from 3099 ppm to 7474 ppm in location 2 

(Fig. 7), with an average CO2 concentration of 4651 ± 1122 ppm at both locations. CO2 

concentrations decreased slightly from spring into the summer, and were lowest in late 

August and September. In fall, CO2 concentrations at both locations strongly increased. 

Average values for CO2 concentrations over the three seasons were 4581±191 (spring), 

3907±717 (summer), 6791±664 ppm
 
(fall). 

At 20 cm, CO2 concentrations ranged from 3661 to 10707 ppm at location 1 and 

from 8016 to 15101 ppm at location 2 (Fig. 5B). The daily mean CO2 concentrations of 

locations 1 and 2 were 7217 ± 1387 ppm and 11595 ± 1678 ppm, respectively, and the 

average value for both locations was 9368 ± 1309 ppm. CO2 concentrations at 20 cm 

were consistently higher than at 7 cm, overall they were 101 % higher. 
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Seasonal patterns were not as strong as at 7 cm. CO2 levels remained relatively 

constant through spring and summer. However, an increases in CO2 was observed at the 

beginning of October, at the same time when the top 7 cm showed a very strong CO2 

increase, and concentrations were lowest before that increase in late September. Average 

values of CO2 concentration for the three seasons were 9589±1161 ppm (spring), 9145 ± 

1579 ppm (summer), 9316 ± 762 ppm
 
(fall). 

At 40 cm depth, CO2 concentrations ranged from 14941 to 30030 ppm in location 

1, and 13492 to 29819 ppm in location 2 (Fig. 5C), and mean CO2 concentrations at 

locations 1 and 2 were 20268 ± 3238 ppm and 22339 ± 4309 ppm respectively, or 21299  

±  2905 ppm when both locations were combined.  

Compared to soil depth of 7 cm and 20 cm, CO2 concentrations values at 40 cm 

were much higher. For example, averaged CO2 levels at 40 cm were 358 % higher than at 

7 cm depth and 127 % higher than at 20 cm depth. The time trends in CO2 concentrations 

were somewhat different at 40 cm compared to 20 cm: concentrations increased from 

spring to mid-summer, which was a different trend than at 7 cm and 20 cm. However, a 

similar increase in CO2 concentrations was observed in October when the two other 

depths also showed strong CO2 concentration increases. Average values of CO2 

concentration for the three seasons were 19758 ± 2720 ppm (spring), 22231 ± 2708 ppm 

(summer), 23291 ± 1285 ppm
 
(fall) at 40 cm depth.

3.4.1.6 Auxiliary soil measurements 

3.4.1.6.1 Volumetric soil water content 

Clear trends in soil moisture measured by TDR probes were observed in all soil 

depth through the experiment. Soil moisture are shown as insert in Fig. 5 A-C.  At all 
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depths, soil moisture showed strong drying from spring to summer and early fall, after 

which in late fall soil moisture increased again strongly. For example, at 7 cm depth, soil 

moisture started at 38 % in spring but decreased to about 10% by the summer. Several 

large rain events lead to strong recharge in soil moisture in fall: rainfall occurred for 

several days from 10/01/2010 to 10/06/2010, it rained again on 10/17/2010, and between 

10/22/2010 to 10/25/2010 (USGS, 2011). Soil moisture in the top 7 cm first increased 

back to about 20 % and then to 35% after these fall rainfall events. Similar patterns, but 

not as pronounced as in the top soil, were observed at 20 cm (Fig. 5B) and at 40 cm (Fig. 

5C). At 20 cm, soil moisture started at 35 % in spring, dropped consecutively to about 

20% at end of summer, and was recharged to rebound to 33 % by fall. At 40 cm, soil 

moisture started at 41 % in spring, dropped consecutively to 28% by the end of summer, 

and recharged to 47 % by fall.  

3.4.1.6.2  Soil Temperature 

Soil temperature clearly reflected different seasons as well as shown in Fig. 5 A-

C. At 7 cm, springtime temperatures were around 10 °C, and increased consecutively 

until the end of summer. Peak summer temperatures were 20 °C. Starting in early 

October, soil temperatures started to decrease again and dropped to 7 °C in by the end of 

the experiment. At 20 cm, soil temperature were lower compared to 7 cm (by about 1 

°C), and were even higher at 40 cm (by 0.5 °C) than at 20 cm. Both 20 cm and 40 cm soil 

depths showed similar time patterns as the top 7 cm soils. 

3.4.1.6.3  Soil Hg concentrations, Carbon, and Nitrogen content.  

Table 1 shows the average values for soil moisture and soil temperature at the 

three soil depths. The table also shows soil Hg, C, and N concentration measured at the 
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three soil depth and at the two soil locations. These soil samples were taken during initial 

installation of the soil tubing in spring of 2010.  

For soil Hg concentrations, location 1 always showed higher Hg levels 

compared to location 2. Both locations showed a depth patterns, where highest 

concentrations of Hg were in the top 7 cm, and decreased consecutively with depth. Hg 

concentration decreased by 37% from top 7 cm to bottom 40 cm. Soil C also decreased 

with depth, specifically at location 1. At location 2, however, top soil C content was very 

low (compared to location 1). Soil N showed similar depth trends as those for carbon.

3.4.2  Box plots of Hg
0
 and CO2 concentrations per site and depth 

To summarize the patterns described above, I created box plots of Hg
0
 

concentrations for each of the depths and for the two locations (Fig. 6A). Box plots are 

used to display the graphic spread of data as they provide clear information about the 

data’s symmetry, skewedness, and allow good comparison between locations and depths. 

Box plots for ambient air showed no outlier with a median of 1.56 ng/m
3
 and first and 

third quartiles of 1.43 and 1.70 ng/m
3
, respectively. The data shows quite high variability 

as displayed with high spread of the 3 standard deviation and the values for the first and 

third quartile. For soil Hg
0
 concentrations, box plots show how that median values in 

soils are consistently lower than ambient air. For location 1, medians decrease to 0.96 

ng/m
3
 at 7 cm, 0.56 ng/m

3 
at 20cm, and 0 ng/m

3
 at 40 cm. For location 2, the patterns 

were less consistent, with median values decrease to 0.20 ng/m
3
 (7cm), 0.02 ng/m

3 
(at 20 

cm), and 0.14 ng/m
3 

(at 40 cm).  All box plots in the soils showed high variability. For 

example, first and third quartiles at 7 cm of location 1 were 0.57 ng/m
3 

and 1.23 ng/m
3
 

and 0.09 ng/m
3 

 and 0.31 ng/m
3
 at location 2. At 20 cm depth, box plots were often not 
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very effective as means and quartiles often fell to 0 ng/m
3
 (below detection limit). For 

example, at 40 cm, box plots for location 1 showed zero value for first quartile and 

median value.  

For CO2, box plots (Fig. 6B) for ambient air showed a median value of 436 ppm 

and first and third quartiles of 418 and 454 ppm respectively. In soils, all median values 

were greatly increased compared to ambient air and further increased with increasing 

depth. For location 1, median values were 4075 ppm at 7cm, 7386 ppm at 20 cm, and 

20024 ppm at 40 cm. For location 2, median values were 4839 ppm at 7cm, 11988 ppm at 

20 cm, and 22809 ppm at 40 cm. As for Hg
0
, variability of CO2 concentrations in soils 

were much higher than in ambient air. For example, the first and third quartiles were 

3250 ppm and 4766 ppm in location 1 and 4523 ppm and 5318 ppm in location 2, 

respectively. However, the variability decreased somewhat with increasing depth, e.g., 

showing first and third quartiles of 18116 ppm and 21196 ppm at location 1 and 18945 

ppm and 26272 ppm at location 2. 

3.4.3  Relationships of soil gas Hg
0
 to CO2 and auxiliary variables 

3.4.3.1 Relationships between soil gas Hg
0
 and CO2 

In Fig. 7, I plotted the relationships between soil Hg
0
 concentrations and CO2 

concentrations at all depths for location 1 (Fig. 7A) and location 2 (Fig. 7B). When 

looking at each soil depth independently, linear regression analyses between Hg
0
 and 

CO2 showed significant increases of Hg
0
 concentration with increasing CO2 concentration 

(i.e., significant positive slope) for soil depth 7 cm (r
2
 = 0.44; P < 0.05;  Fig.7A) and 20 

cm (r
2
 = 0.27; P< 0.05; Fig. 7A) at location 1. However, no significant relationship 

between Hg
0
 and CO2 was observed for soil depth of 40 cm at this location. For location 
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2, the patterns were different: there was a significant linear correlations, but with a 

negative slope, for 7 cm (r
2
 = 0.09; P < 0.05; Fig. 7B), although the fit of the regression 

was poor. For 20 cm, no significant correlations was found, and for 40 cm, a weak 

positive correlation between Hg
0
 and CO2 was observed (r

2
 = 0.05; P < 0.05; Fig. 7B). 

Looking at the data for the three depths combined, both locations showed that 

highest concentrations of Hg
0
 were observed in the top 7cm, while lower horizons 

showed lower Hg
0
 levels. Because there was a strong increased in CO2 with depth, this 

resulted in an inverse, almost exponential relationship between Hg
0
 and CO2. This 

exponential decrease of Hg
0
 with increasing CO2 was much more pronounced at location 

1 compared to location 2. 

3.4.3.2  Relationships between soil gas Hg
0
 and soil temperature and moisture 

I did not measure soil temperature and soil moisture in the same location as the 

soil air Hg
0
 and CO2 concentrations. However, soil temperature and moisture were 

measured in between location 1 and location 2, about 3 m away from location 1 and 0.8 

m away from location 2. I still used these soil moisture and temperature measurements to 

look at relationships to measured Hg
0
 and CO2 values at both locations.  

Relationships between Hg
0
 concentration and soil temperature and soil water 

content are shown in Fig. 8 (for location 1) and 9 (for location 2). For location 1, I 

observed an inconsistent relationships between Hg
0
 and water content: a positive linear 

regression was observed at 7cm (r
2
 = 0.33; Fig. 8D), but no significant regressions were 

observed at 20 and 40 cm. Similarly, the relationships of Hg
0
 to soil temperature was 

inconsistent since negative linear regressions were observed at 7 (r
2
 = 0.25; Fig. 8A) and 

40 cm (r
2
 = 0.03; Fig. 8C), whereas no significant regression was observed at 20 cm.  
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For location 2, I observed a consistent linear increased in Hg
0
 concentrations 

with increasing soil water content at all depth (Fig. 9 D-F). This resulted in positive linear 

regressions between Hg
0
 and soil moisture for 7 cm (r

2
 = 0.52), 20 cm (r

2
 = 0.10), and 40 

cm (r
2
 = 0.04). The relationships of Hg

0
 to soil temperature was inconsistent: for the top 7 

cm, a negative linear regression was observed (r
2
=0.23), for 20 cm a weak negative 

correlation was observed (r
2
 = 0.04), while at 40 cm, no significant regression was 

observed. 

Relationships between CO2 concentration and soil temperature and soil water 

content are shown in Fig. 10 (for location 1) and 11 (for location 2). For location 1, the 

relationships of CO2 and water content were inconsistent since positive linear regressions 

were observed at 7 cm (r
2
 = 0.08; Fig. 10 D) and 20 cm (r

2
 = 0.09; Fig. 10 E), and 

negative linear regression was observed at 40 cm (r
2
 = 0.07; Fig. 10 F). The relationships 

between CO2 and temperature were inconsistent as there were no significant regression at 

20 and 40 cm while a significant negative regression was observed at 7 cm (r
2
 = 0.27;  

Fig. 10 A). For location 2, I observed a consistent results of the relationships between 

CO2 and water content as there were no significant regressions was observed at all depths 

( Fig. 11 D-F). Relationships between CO2 and temperature showed an inconsistent 

results as a positive linear regression were observed at 20 cm (r
2
 = 0.17; Fig.11 B) and 40 

cm (r
2
 = 0.49; Fig.11 C) but a negative linear regression was observed at 7 cm (r

2
 = 0.03; 

Fig. 11 A).

3.4.4  Surface fluxes of Hg
0
 

Surface Hg
0
 fluxes were measured three times, on July 21-22, 2010; on October 

13 -14, 2010; and on November 15-16, 2010. The second set of measurements, however, 
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did not provide reasonable data because chamber blanks (i.e., fluxes measured in an 

empty chamber covered with a lid) were much too high (as high as 12 ng m
-2

 hr
-1

). I 

measured fluxes always in the full sun, in the tree shade, in the dark when chamber was 

covered by a blanket, and during nighttime. Positive fluxes mean that outlet 

concentrations were higher than inlet concentrations, i.e., release of Hg
0
 to the chamber 

either from chamber walls or from the soils. Negative fluxes mean that outlet 

concentrations were lower than inlet concentrations, showing an uptake of Hg
0
 by the 

chamber or by the underlying soil. Each soil and blank flux was measured for 20 minutes 

so to measure four inlet concentrations followed by four outlet concentrations (5-minute 

measurement interval each).  

Results for July 21-22 (Table 2A) showed that in the full sun, blanks averaged 

5.1 ng m
-2 

hr
-1

. Measurements over soil in the full sun averaged 4.4 ng m
-2

 hr
-1

.That 

means that blank numbers were higher compared to measured fluxes. In the shade, mean 

blank measurements was 0.8 ng m
-2 

hr
-1

, and soil measurements in the shade averaged 

was 0.5 ng m
-2

 hr
-1

. This resulted in a blank-corrected soil flux in the shade of -0.3 ng m
-2

 

hr
-1

.  For the dark location, blank measurements averaged 3.9 ng m
-2

 hr
-1

. Soil flux 

measurements in the dark averaged -0.7 ng m
-2

 hr
-1

. Hence, blank-corrected soil fluxes 

was - 4.6 ng m
-2

 hr
-1

. Finally, I also measured soil fluxes during one full night, from 

around 6:00 pm in the evening to 9:00 am in the morning. In the nighttime, soil flux 

averaged -1.0 ng m
-2

 hr
-1

, and using the same blank as in the shade measurements, blank 

corrected flux was -1.8 ng m
-2

 hr
-1

. 

For November 15 and 16 (Table 2B), measurements in the full sun showed a 

blank of 3.4 ng m
-2

 hr
-1

. Soil fluxes in the full sun averaged 3.2 ng m
-2

 hr
-1

, and blank-
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corrected soil fluxes was -0.2 ng m
-2

 hr
-1

. For shaded locations, blanks averaged -0.1 ng 

m
-2

 hr
-1

, and averaged soil fluxes was -1.3 ng m
-2

 hr
-1

, resulting in a blank-corrected soil 

flux of -1.2 ng m
-2

 hr
-1

. For the dark location, blanks averaged 1.9 ng m
-2

 hr
-1

, soil fluxes 

averaged was 1.4 ng m
-2

 hr
-1

, and blank corrected fluxes was -0.5 ng m
-2

 hr
-1

. Finally, I 

also measured soil fluxes during one full night, from around 4:30 pm in the evening to 

10:00 am in the morning. The nighttime flux averaged -1.4 ng m
-2

 hr
-1

, and using the 

same blank as in the shade resulted in a soil flux of -1.3 ng m
-2

 hr
-1

.  
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3.5  Discussion 

3.5.1  System performance 

Ambient air Hg
0
 concentrations were measured for quality controls of the entire 

system because we know that global background Hg
0
 concentrations are reported in many 

previous studies. For example, Hg
0
 in remote places were reported at 1.6 ng/m

3 

(Schroeder and Munthe, 1998; Fitzgerald and Lamborg, 2005), at 1.7 ± 1.6 ng/m
3
 (Xin 

and Gustin, 2007), and 1.7 ng/m
3 

(Selin et al., 2007).   

I found that measured values of ambient air with the system were fairly close to 

expected values (Fig. 2A). Mean ambient Hg
0
 concentrations were 1.6 ng/m

3
, which

 
is 

very close to these other reported values. However, concentration ranges of 1.0 to 2.0 ng 

m
-3

 was higher than I would expect for ambient air, and measurements were quite 

variable. This higher variability could be due to some errors introduced by our modified 

measurement systems. For example, standard Tekran measurement normally use a flow 

rate of 1.5 lpm and use 5 minutes of sampling time, which allow analysis of Hg in a total 

volume of 7.5 l. In my system, I adjusted the flow rate to 50 ml/min and used a sampling 

time of 45 minutes, which resulted in a volume of only 2.25 l. Hence, I used a volume 70 

% lower than the original Tekran volume. I used the flow rate to reduce disturbance of 

flow in the soil. I used a lower volume to minimize the air drawn from the soil and to 

avoid that air would move to the soil depth from other areas. For example, in the top 7 cm 

of the soil, I wanted to minimize that air from the atmosphere may be sampled, instead of 

from the soil. Also, the longer sampling time allow air to flow more slowly in the soil, so 

sampled Hg
0
 concentrations are in good equilibrium with the surrounding soil. Although 
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this resulted in more variability (as seen in ambient air measurements), I consider the 

quality of the data accurate.  

Another problem of the system is dead air volume in the lines between sampling 

of different ports and lines. In Fig. 2B and section 3.4.1.2 I showed a typical example of a 

sampling sequence of CO2 between ambient air, soil at location 1 at 7 cm, 20 cm, 40 cm, 

and then soil at location 7 cm, 20 cm, and 40 cm. Because CO2 was measured at 1-minute 

resolution, I saw that it normally takes 3 minutes until concentration reach a steady value 

(see Fig. 2C). This means that the three minute time delays will introduce an error in our 

45-minute Hg
0
 sampling. However, this accounts to an error of only about 7 %, and I 

don’t consider that a major problem. 

In Fig. 2B, it can be seen how CO2 strongly changes with increasing soil depth 

due to a strong diffusion gradient of CO2 in soils (Jong and Schappert, 1972; Raich and 

Schlesinger, 1992; Peterjohn et al., 1994; Lylod and Taylor, 1994; Rusted and Fernandez, 

1998; Kirschbaum, 2000). Actually, I measured CO2 to develop confidence in our soil 

measurements because if they did not reflect expected depth patterns, this could be an 

indication of leaks or other problems.  Fortunately, this was not the case. Also, I used 

CO2 in the top 7 cm to make sure that at that depth I didn’t sample atmospheric air 

(which would strongly reduce the CO2 levels). Fig. 2C shows an example of a 45-minutes 

measurement period of CO2 at 7 cm. I only observed a concentration decrease (from 4879 

ppm to 4438 ppm), or about 9 %. That means that significant diffusion of ambient air to 

the soil during measurement did not occur at 7 cm soil depth, and certainly is not a 

problem at deeper depth (i.e., 20 cm and 40 cm).  
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In Fig. 3A-B, I show a typical example of one day of CO2 and Hg
0
 

measurements. The graph shows several important points. First, ambient air Hg
0
 is at 

expected levels and is reproducible, although it is more variable than standard air 

measurements. Note that ambient air is always sampled for four 45-minutes time periods 

(3-hours). I set the sampling this way to reduce the amount of soil air drawn from the soil 

through a day. Second, measurements in the soils show reproducible patterns: soils in 

location 1 at 7 cm are always lower than ambient air, and at 20 cm and 40 cm are even 

lower. This pattern is consistent through the day; third, soil at location 2 shows similar 

patterns, although the levels were much lower. And at that location, there was not large 

difference between 20 cm and 40 cm. Finally, the graph shows that per day, each soil 

depth and locations measured between 3 and 4 times. So our daily average concentrations 

always have replicated measurements.  

3.5.2  Depth patterns of Hg
0
  

There are three important points visible in Fig. 4. First, measured soil gas Hg
0 

concentrations were always lower than ambient air Hg
0
. This was true through the whole 

season, at all depths, and at both locations. Second, there are differences in Hg
0
 at depth: 

at 7 cm, I normally observed higher soil gas Hg
0
 than at 20 cm, and at 40 cm, I normally 

observed the lowest Hg
0
 concentrations. However, this depth pattern was much stronger 

in location 1 than in location 2. Third, there was a strong seasonality of Hg
0
 at 7 cm, 

which showed a strong decrease from spring to summer and early fall, and then increased 

again in fall. At 20 cm and 40 cm, this time trend was not visible, only a slight increase in 

Hg
0
 was observed in fall. 
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There are only few studies that previously measured soil gas Hg
0
 levels. Johnson 

et al., (2003) manually measured soil Hg
0
 concentrations from two depths in a soil 

amended with contaminated soils. The soil had a total Hg concentration of about 13 µg g
-

1
 (compared to only 22-35 ngg

-1
 total Hg in my soils). In their study with highly 

contaminated soil, they observed very large soil Hg
0
 concentrations: for example, Hg

0 

levels were between 100 to 300 ng m
-3

 during most of the time, and as high as 1,200 ng 

m
-3

 during some times. They generally observed no significant differences in Hg
0
 

between 20 and 40 cm depth, although sometimes 40 cm depth was slightly higher than 

20 cm. I don’t think that their results can be well compared to mine, because I measured 

concentrations in a low, background soil undisturbed in the field. They measured soil Hg
0
 

in a disturbed soil that was highly contaminated (over 370 time higher concentrations 

than our study). 

Sigler and Lee (2006) performed point measurements in background soils once a 

week from July to September, at irregular intervals during October and November 2003, 

and two measurements per week from late May through September 2004. They collected 

soil pore air in syringes and determined Hg
0
 concentration using a Tekran 2537A. 

Compared to ambient air (1.8 ng/m
3
), they observed higher mean Hg

0
 concentration at 5 

cm soil depth (5.5 ng/m
3
) and at any other soil depths (2 ng/m

3
 at

 
2 cm; 2.5 ng/m

3
 at 20; 

and 1.9 ng/m
3 

at 50 cm).  Hence, compared to my study, their soil Hg
0
 concentrations 

were quite higher than my values. The reason for this could be that their total Hg content 

in the soil was higher than in my study (e.g., averaging 0.24 µg g
-1

 in the top 5 cm 

compared to 0.035 µg g
-1

 in my study). Sigler and Lee (2006) showed that their observed 
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Hg
0 

values were generally well correlated to their soil Hg content, with the following 

linear equation:  

y (soil Hg
0
 concentration) = 9.52 x (total soil Hg content) + 1.01; r = 0.91, 

n=12) 

If I applied the same equation to my data, total Hg contents at 7 cm, 20 cm, and 

40 cm would result in soil Hg
0 

concentrations of 1.35 ng/m
3
, 1.25 ng/m

3
, and 1.22 ng/m

3
. 

Following their equation, the lower soil Hg levels in my study could contribute to lower 

Hg
0
 levels. However, such calculated values are still much higher than concentrations I in 

fact observed at our site (0.5 ng/m
3
 at 7cm; 0.3 ng/m

3 
at 20 cm; 0.1 ng/m

3 
at 40cm). Still, 

I observed higher Hg
0
 levels in top soils and also observed higher total Hg levels in top 

soils. This is in agreement with many other studies that show the same patterns, i.e., 

highest total Hg concentrations in soils in upper horizons compared to deeper depths 

(e.g., Alriksson, 2001; Johansson et al., 2001; Grigal 2003). So the depth pattern 

observed in my study, and in Sigler and Lee (2006), could in fact be related to different 

total Hg levels at different depths.  

Sigler and Lee (2006) revealed the existence of gradients in Hg
0 

concentrations; 

they showed a significant decline of Hg
0
 between 5 and 20 cm depth. I observed Hg

0
 

concentration declines between at 7 cm to 20, and 40 cm depth. Although Sigler and Lee 

(2006) found Hg
0
 concentrations higher than ambient air in their soil, the Hg

0 

concentration declines with depth was similar to my study. Sigler and Lee (2006) stated 

that the depth pattern may be due to active zones of release of Hg
0
 in the upper soil (i.e., 

that layers that are higher in total Hg concentrations). In contrast, I propose that the lower 

soil Hg
0
 levels than in the atmosphere in my study may indicated a zone of active Hg

0
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uptake by the soil that causes the soil concentration to be lower than in the ambient air. 

Both Fig. 6 and 7 almost show exponential decrease of Hg
0
 in the soil with depth. This 

could indicate a negative diffusion gradient where active uptake or sorption of Hg
0
 by the 

soil layers causes declines in Hg
0
 in the soil. 

Moore et al. (2010) also performed point to measurement in background soils 

using a glass funnel inserted in the soil connected to gold traps. Using two days of 

measurements, they measured ambient Hg
0
 levels with their system of ambient 

concentration 1.8 ng/m
3 

, top soil Hg
0
 levels of 3-4 ng/m

3 
at the A-Oe soil horizon 

interface (3-7 cm), and lower than ambient air Hg
0
 at deeper soils (9-15 cm, 13-20 cm, 

and 18-25 cm). Although their results are very limited, they show that soil Hg
0
 levels can 

be lower than ambient air Hg
0 

levels. This is in support of my study that soils can actively 

take up or sorb Hg
0 

since otherwise levels could not be lower than ambient air Hg
0
. Also 

in agreement with my results are that generally Hg
0
 levels decline in soils with depth. 

However, they also show differences to my results as their highest Hg
0
 concentration at 

3-7 cm depth exceeded atmospheric Hg
0 

concentrations. 

3.5.3  Seasonality and diurnal patterns of Hg
0
 in soils 

Fig. 3B indicates that multiple measurements over a day at each depth were very 

similar. For example, for 7cm, the individual Hg
0
 levels measured were 1.5 ng/m

3
, 1.1 

ng/m
3
, and 1.3 ng/m

3
. This indicates that my data did not show any significant diurnal 

patterns.  Johnson et al. (2003), however, reported strong diel variation of Hg
0 

concentration at 40 depth as well as 20 cm, and these variations correlated to soil 

temperatures at 1 cm, 5 cm, and 10 cm (but not at 40cm). We did not observe such 

diurnal trend, nor did we observe positive relationships over the seasons to temperature 
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(see below). The differences of Johnson et al. (2003) and my study could be that our 

study worked in unpolluted, background soils, and their results stem from a strongly 

contaminated soil. 

I observed strong Hg
0 

concentration variation through the seasons, most strongly 

at 7 cm soil depth. For example, seasonal averages at 7 cm was 0.8 ng/m
3
 for spring, 0.3 

ng/m
3
 for summer, and 0.5 ng/m

3
 for fall. At 20 cm, Hg

0
 showed much less variability 

but similar trend in such that late fall Hg
0
 levels were higher than in summer. At 40 cm, 

however, very little seasonal trends were visible. I propose that the strong seasonality of 

Hg
0
 at 7 cm, and to a lesser degree at 20 cm, is mainly caused by soil water content. Fig. 

8 and 9 show that soil Hg
0
 levels are strongly and linearly related to soil moisture, with r

2
 

values as high as 0.52. This indicates that over 50% of the variability in Hg
0
 may be 

driven by soil water content. Fig. 8 and 9 also show an inverse correlation of Hg
0
 to soil 

temperature. However, these correlations were much weaker (highest r
2
 = 0.25), and not 

as consistent with depth. This relationship is surprising since I expect that higher 

temperatures would drive Hg
0
 desorption from soils. This has been shown in surface flux 

measurements that showed higher Hg
0
 emissions during warmer temperatures (Xiao et 

al., 1991). I propose that the reason for the negative relationship of Hg
0
 concentration and 

soil temperature is due to strong collinearity of soil temperature and soil moisture (see 

Fig. 5; e.g., very dry soil in the hot summer, and wetter soils in the colder spring and fall 

due to precipitation).  

A very good example of the influence of soil moisture on Hg
0
 concentrations is 

seen during several strong rainfall events in fall. On day 10/01/2010 to 10/06/2010, there 

were strong rainfalls that caused soil moisture to increase, for example from 12 % to 18 



101 

 

% at 7 cm. At the same time, Hg
0
 levels strongly increased at 7 cm and at 20 cm, e.g., 

from 0 ng/m
3 

to 0.8 ng/m
3
.  

This clearly indicates that soil moisture is a driving factor for Hg
0
 level. My 

results show that Hg
0 

concentrations in soils strongly follow seasonal patterns of soil 

moisture, with high moisture in spring and fall resulting in high Hg
0
 levels and drying 

conditions in the dry summer resulting in the lowest Hg
0
 levels of all seasons.  In contrast 

to my results, Sigler and Lee (2006) observed mainly negative correlations of soil Hg
0
 

with moisture, but observed relatively good positive relationships to soil temperatures. I 

do not know what caused these differences, but it is possible that Hg
0
-mositure and Hg

0
-

temperature relationships are much different in very dry soil conditions (such as in the 

Western United states in our study) and more humid areas such as in the Eastern United 

States. 

Many surface flux measurements have shown strong relationships of Hg
0
 

emissions with increasing water content (Advokaat and Lindberg, 1996; Wallschlager et 

al., 1999; Zhang and Lindberg, 1999; Gills and Miller, 2000; Johnson et al., 2003; Sigler 

and Lee, 2006). This is generally attributed to increased displacement of Hg
0 

in the soil 

air when water infiltrates, or increased desorption of Hg
0
 bound in soils when moisture 

increases. My measurements indicated that soil moisture might directly affect the 

equilibrium between Hg
0
 in soil gas versus Hg bound in soil. However, it may not be that 

Hg
0
 desorption increases, but it may be that the potential of Hg

0 
absorption or uptake by 

the soil may change (note that my soil Hg
0
 levels are always lower than ambient Hg

0
). 

Sigler and Lee (2006) reported highest variability of Hg
0
 in the top soil. They 

attributed this variability to absence of uniformity in Hg concentration throughout and 



102 

 

organic matter at this level (Sigler and Lee, 2006). They also attributed the variability to 

constant air exchange with ambient atmosphere taking place at this depth so that Hg
0
 

concentration might be more variable than other depths. Both Siegler and Lee (2006) and 

Moore et al. (2010) attributed more stable Hg
0
 levels at deeper soils to an absence of 

surface-atmosphere exchange at deeper level and less heterogeneous distribution of 

organic matter and other soil properties. While this is possible also in our study, less 

seasonality at deeper depth was associated with much less fluctuation in moisture. For 

example, at 40 cm, soil moisture and Hg
0
 were much less variable than at 7 cm.  

My second hypothesis was that soil gas Hg
0
 in soils will show seasonal and 

temporal patterns reflecting differences in Hg
0
 production rates. The results show that in 

fact there were very strong seasonal patterns, particularly in the uppermost soil at 7 cm. 

The patterns showed higher Hg
0
 levels in spring and fall, most likely due to more 

favorable moisture conditions, than in the very dry summer. This indicates that in fact 

Hg
0
 levels may be higher when conditions are in favor of Hg

2+
 to Hg

0
 reduction, e.g., due 

to microbial processes or physicochemical ways. However, because Hg
0
 levels were 

below ambient air throughout the study, it is possible that the patterns are not due to Hg
2+

 

to Hg
0
 reduction, but reflect a change in the uptake rate of Hg

0
 by the soil. In other 

words, Hg
0
 uptake by soil seems to be favored under dry summer conditions.   

3.5.4  Relationships of Hg
0
 to CO2  in  soils 

I hypothesized that Hg
0
 and CO2 in soils behave similarly, showing strong 

diffusion gradients. My results (Fig. 7) show that the relationships between Hg
0
 and CO2 

are very variable. For example, in location 1, I observed strong positive correlations at 7 

cm and 20 cm, but no relationships at 40 cm. At location 2, I observed negative 
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correlation at 7 cm, positive correlation at 40 cm, but not relationship at 20cm. These 

results show that there is no direct link between Hg
0
 and CO2 in the soil.  

Looking at all depths combined (Fig. 6 and 7), Hg
0
 clearly shows a negative 

diffusion gradient in the soil. This gradient is opposite of a positive diffusion gradient for 

CO2. Hence, this supports that Hg0 and CO2 are not behaving in a similar way in the soil. 

Previous studies have shown that Hg
0 

and CO2 were related when measuring fluxes at the 

soil surface (Fritsche et al., 2008; Obrist et al. 2010). They indicated that such 

correlations could, for example, be due to soil moisture effects: microbes have the 

capacity for reduction of Hg
+2

 in soils, and may be linked to corresponding increases of 

CO2 (i.e., increased microbial activity) and Hg
0
 emissions from the soil (Fritsche et al., 

2008). If microbes played a big role for Hg
0
 transport and release from soils, however, I 

should have seen close relationships between Hg
0
 and CO2 in soils, which was not the 

case. 

Previous studies also reported a reduction of total Hg soil concentration with a 

decline of organic matter with deeper soil (Aastrup et al., 1991; Grigal et al., 1994; 

Schwesig and Matzner, 2000; Obrist et al., 2009). It is well known that organic matter 

shows strong depth decreases (Finzi et al., 1998; Gulledge et al., 2004; Kulmatiski et al., 

2003). My results that show highest Hg
0
 levels in soil air in upper soil could be due to the 

higher C level, and hence total Hg level, at these depths. Sigler and Lee (2006) proposed 

that higher Hg
0
 levels in top soils were related to higher C levels and hence Hg

0 

production rates. However, in our study, Hg
0
 soil levels are always lower than in ambient 

air, which indicates that uptake of Hg
0
 is dominant over production in soil. It is difficult 

to say if uptake at various depth differ since we are uncertain if patterns are caused by 
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Hg
0
 diffusion in soils. Or, it may also be the case that we observe similar uptake through 

the soil profile, but also production at some depth (e.g., particularly in upper soils). 

Without better knowledge of the behavior of Hg
0
 in soils it is very difficult to fully 

understand what causes the observed patterns. However, what is clear is that Hg
0
 does not 

behave in the same fashion as CO2 in soils, and that Hg
0
 profiles are not reflecting a 

traditional diffusion gradient in soils such as is known for CO2.  

3.5.5  Relationships of Hg
0
 to surface exchange fluxes  

Flux measurements at the surface were performed to test if soil-atmosphere Hg
0
 

exchange at the soil surface is linked to corresponding soil gas Hg
0
 concentrations. I had 

problems with the flux measurements chamber blanks (fluxes measured in an empty 

chamber) were often high, sometimes exceeding real fluxes. This was particularly a 

problem in the full sun where blanks were very high (Table 2). It is known that solar 

radiation strongly affects Hg
0
 desorption from surfaces (e.g. Engle et al., 2001). This may 

have caused the problems with measurements in the full sun.  Xiao et al. (1991) observed 

a Hg fluxes such as 0.3 ± 0.4 ng m
-2

 hr-
1
 and -0.9± 0.4 ng m

-2
 hr

-1
 when day time soil 

temperatures were about 10 °C, and < 3 °C respectively. Ericksen et al. (2006) found 0.9 

± 0.2 ng m
-2

 hr
-1

 average Hg fluxes, and soil Hg fluxes were significantly lower in dark 

conditions than in the light. They also revealed that flux was well correlated with soil 

moisture indicating soil moisture might be an important factor for Hg
0
 emissions from 

background soils. Similarly, Zhang et al. (2001) found 1.4±0.3 ng m
-2

 hr
-1 

to 2.4 ± 1.0 ng 

m
-2

 hr
-1 

as Hg fluxes over shaded areas of background forest soils compared to open field 

site (7.6 ± 1.7 ng m
-2

 hr
-1

). They also observed a dry Hg deposition at a dense shaded 
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areas of forest with a mean of –0.3±0.2 ng m
-2

 hr
-1

 and soil moisture had a significant role 

to enhance Hg
0
 air/surface exchange over the shaded background soils. 

However, soil flux measurements at the surface still showed interesting patterns: 

during daytime, it was difficult to say if fluxes were significant compared to large 

chamber blanks. At night, however, I clearly observed uptake of Hg
0
, exceeding any 

chamber blanks. So results show that the dominant flux, at least during night, was uptake 

of Hg
0
, while during the day fluxes may have been closer to neutral. 

If the soil is in fact a sink for Hg
0
, I would expect both uptake of Hg

0
 at the soil 

surface, and soil Hg
0 

concentrations that are below atmospheric levels in the soil pores. 

My results show that this is in fact the case. I propose that the lower Hg
0
 pore 

concentrations are related to negative fluxes at the surface, and that the soil is actively 

taking up Hg
0
 during the measured period. This is in partial agreement with hypothesis 3 

where I said that high soil Hg
0
 concentrations are expected to lead to high surface Hg

0
 

emissions and low soil Hg
0 

concentrations will lead to low surface Hg
0
 emissions. But 

instead of emission related to soil pore Hg
0
 levels, it seems that soil pore Hg

0
 levels 

below atmospheric levels were related to Hg
0
 uptake at the surface. Hence, diffusion 

processes could in fact play an important role for surface Hg
0
 exchange, but opposite of 

what I hypothesized. During daytime, it could be that near-surface processes (such as 

photo-reduction and surface emission of Hg
0
 (Gustin et al., 2002; Lin et al., 2010) may 

overshadow this pattern, but our measurements were not sensitive enough to confirm this. 
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3.7  Figure Legends 

Figure 1. A: Detailed schematic diagram of the full instruments set up inside 

inside and outside a shed. B: Instruments set up inside a shed. C: Surface Hg
0
 flux 

measurements.    

Figure 2. A: Ambient air Hg
0
 and CO2 concentrations. B: A typical 45 minutes 

sequence of measurement of CO2 concentration patterns. C: A typical 45 minutes CO2 

concentration patterns at 7 cm on location 1.  

Figure 3. A: Example of one day CO2 concentration patterns. B: same as panel A 

for Hg
0 

concentration patterns. 

Figure 4. A: Daily mean Hg
0
 concentration at 7 cm. B: same as panel A for 20 

cm. C: same as panel A for 40 cm. 

Figure 5. A:  Daily mean CO2 concentration at 7 cm. B:  same as panel A for 20 

cm. C: same as panel A for 40 cm. 

Figure 6. A: Box plots of Hg
0
 concentrations. B: Box plots of CO2 concentrations. 

Figure 7. A: Hg
0
 concentration versus CO2 concentration at 7 cm, 20 cm, and 40 

cm on  location 1. B: same as panel A for location 2. 

Figure 8. A: Hg
0
 concentration versus soil temperature at location 1 for 7 cm. B: 

same as panel A 20 cm. C: same as panel A for 40 cm. D: Hg
0
 concentration versus soil 

water content at location 1 for 7 cm. E: same as panel D for 20 cm. F: same as panel D 

for 40 cm. 

Figure 9. A: Hg
0
 concentration versus soil temperature at location 2 for 7 cm. B: 

same as panel A 20 cm. C: same as panel A for 40 cm. D: Hg
0
 concentration versus soil 
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water content at location 2 for 7 cm. E: same as panel D for 20 cm. F: same as panel D 

for 40 cm. 

Figure 10. A: CO2 concentration versus soil temperature at location 1 for 7 cm. B: 

same as panel A 20 cm. C: same as panel A for 40 cm. D: CO2 concentration versus soil 

water content at location 1 for 7 cm. E: same as panel D for 20 cm. F: same as panel D 

for 40 cm. 

Figure 11. A: CO2 concentration versus soil temperature at location 2 for 7 cm. B: 

same as panel A 20 cm. C: same as panel A for 40 cm. D: CO2 concentration versus soil 

water content at location 2 for 7 cm. E: same as panel D for 20 cm. F: same as panel D 

for 40 cm.
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3.8  Figures  
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3.9  Tables 
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Chapter 4: Summary 

Due to the presence of large amount of Hg in the surface soils and litter (Obrist, 

2007), the behavior of Hg in terrestrial ecosystem and the cycling between terrestrial 

systems and the atmosphere is of key importance not only for loadings of Hg to aquatic 

systems, but also for loadings to the atmosphere.  Further, global climate change may 

greatly affect the storage of Hg in terrestrial ecosystem—e.g., through losses or 

alterations of carbon pools—and this has a potential to also affect Hg loadings to water 

bodies or storage and re-emission of Hg from atmospheric sources.  

To address possible implications of terrestrial Hg pools as sources to the 

atmosphere, I performed studies of fate processes and the behavior of Hg associated in 

forest litter and soil profiles. A particular emphasis was on distribution of gaseous Hg in 

soils and released of gaseous Hg from litter, two processes that have direct consequences 

for the exchange of Hg between terrestrial ecosystems and the atmosphere. The litter 

study showed that after 18 months of forest litter decomposition, a significant amount of 

Hg was subject to emission to the atmosphere, most likely in gaseous elemental form. 

Such losses could have important implications for the atmospheric Hg burden, especially 

with alterations of terrestrial carbon due to climate change. The results, however, opened 

many new questions in regards to the behavior of Hg in litter: for example, we observed 

that different litter species had profoundly different behavior in regards to emission, 

retention, and sorption capacity of Hg. These differences were not only manifested 

between different functional types (such as deciduous versus coniferous) plants, but were 

even pronounced within functional types (e.g., between deciduous litter types). For 
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example, aspen litter showed the lowest emission/retention ratio of Hg, much lower than 

the other two deciduous litter types (mixed deciduous and oak) and the coniferous pine 

litter, which showed highest emission/retention ratio of Hg. It is likely that the different 

behavior of Hg in these decomposing litter types is due to different chemical or 

biogeochemical factors, including different tanning and lignin contents, different 

mineralization rates, or differences in types and amounts of decomposition products (e.g., 

humic and fulvic acids; Finzi et al., 1998; Cote et al., 2000; Smolander et al., 2005). Van 

Cleve (1974) reported that chemical composition of the litter and its preference to soil 

fauna are the most important control factors during decomposition processes, and 

Kaushal and Verma (2003) found that decomposition  rates vary with tree species and 

method of litter placements. Species having more nitrogen, phosphorus, ash and water-

soluble compounds decompose faster than those species which have more lignin, 

magnesium, cellulose and acid detergent fiber. All these important biogeochemical 

variables were not quantified in my thesis, and clearly future work should address reasons 

why Hg shows pronounced different behaviors between litter types. 

Results of this research showed significant increases of litter Hg concentration 

during field exposure—much exceeding increases in the laboratory—and the likely 

reason for this increase is continued sorption of atmospheric Hg deposition in the field. In 

this study, I did not measure atmospheric deposition of Hg in the field, and future studies 

would benefit from more comprehensive measurements in the field, including surface 

deposition, vertical percolation of Hg, and possibly runoff below the litter layers. Such a 

mass-balance approach would greatly clarify to what degree Hg concentrations in the 

field are driven by internal processes (such as higher Hg losses compared to dry mass and 
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carbon losses as shown in my study) versus external factors such as atmospheric 

deposition.  

In the second part of my thesis, I continuously measured soil gaseous Hg in 

different soil profiles and combined these measurements with surface Hg
0 

flux 

measurements. These results provided very important information about the distribution 

of Hg
0
 and possible behavior of Hg

0
 in the soils, and can have great implications for 

atmosphere Hg
0
 exchange processes. The results showed that soil gas Hg

0
 levels were 

always below atmospheric Hg
0
 levels, a pattern that can only be explained by a uptake of 

Hg
0
 by the soil (note that if soil were inert to Hg

0
, soil pore concentrations would need be 

in full equilibrium with atmospheric Hg
0
).  Hence the conclusion that the soils measured 

in my study must have been a continued sink for atmospheric Hg
0
, a notion that was in 

part supported by corresponding surface flux measurements. This conclusion, while very 

important to understand the sink and source capacity of soils for atmospheric Hg, raises 

more questions that we were able to answer: for example, is this pattern consistent among 

various soil types, e.g., from humic to mesic soils, and are there differences between soil 

types?  

The most important question is probably what processes cause these Hg
0
 declines 

in soils: is this driven by oxidation of Hg
0
 to Hg(II), either due to biotic or abiotic 

processes? Or is the Hg
0
 decline due to sorption of Hg

0
, possibly by clay minerals or 

organic matter?  Further, we observed interesting relationships between soil Hg
0
 and 

auxiliary variables such as soil water content and soil temperature, variables that are 

known to affect surface emission of Hg
0
 from soils (Advokaat and Lindberg, 1996; Carpi 

and Lindberg, 1998; Poissant and Casimir, 1998). Future work should focus on 
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characterizing the pathways and mechanisms of Hg
0
 uptake in soils, which could possibly 

be achieved by detailed study on how soil abiotic factors (such as Fe
2+

, and humic, and 

fulvic compounds; Gabriel and Williamson, 2004), environmental conditions (wind speed 

and turbulence, solar radiation, and barometric pressure; Andersson, 1979; Johnson and 

Lindberg, 1995; Carpi and Lindberg; 1997; Gustin et al., 1997; Engle et al., 2001), and 

biotic factors (like microbial activity, Fritsche et al., 2008; Obrist et al., 2010) interact 

with Hg
0
 concentrations in the soil profile.  Only a better understanding of the 

mechanism leading to the observed Hg
0
 uptake that I observed in the soil profile will help 

to predict how important this uptake may be for soil-atmosphere exchange processes and 

how it may enhance the capacity of soils to sequester and bind atmospheric Hg pollution.  
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